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Executive Summary 
 

Copper (Cu) and zinc (Zn) have numerous sources in naval shipping, berthing, and 
maintenance facilities.  Concentrations of these metals in estuaries and harbors can reach levels 
which are potentially toxic to biota.  Hence, discharges and concentrations of these metals are 
strictly regulated by environmental quality agencies.  Because of pervasive problems associated 
with discharges and remediation of Cu and Zn in estuaries and harbors, it is essential that 
regulated agencies and regulators alike understand the factors that influence the availability and 
cycling behavior of these metals in environments relevant to DoD operations. The statement of 
need to which this project responded expressed the goal of an improved understanding of the in 
situ physical and chemical processes that may affect Cu and Zn speciation (forms of occurrence), 
potential bioavailability, and fate and cycling in estuarine waters. 

   
The goals of this proposed study are (1) to quantitatively determine water column 

concentrations and benthic fluxes of total dissolved Cu, total dissolved Zn, dissolved organic 
carbon, and Cu- and Zn-complexing ligands seasonally at two contrasting sites in the Cape Fear 
estuary (CFE) in southeastern North Carolina which are representative of potentially 
contaminated DoD estuarine harbor facilities; (2) to determine changes in the cycling, fate, and 
organic speciation of dissolved Cu and Zn which may occur during resuspension events (wind 
and wave mixing, shipping operations, dredging), in particular focusing on the role of 
photochemical reactions; and (3) to examine the effects of a large scale dredging and 
straightening project (which began in the Cape Fear Estuary in 2001, approximately midway 
through our project) on the speciation, fate, and cycling of Cu and Zn in estuarine waters and 
sediments. 

 
As one of three groups (CP-1156, CP-1157, and CP-1158) involved in SERDP-funded 

Cu and Zn compliance research, we performed an interlaboratory comparison of analytical 
methods.  Excellent agreement was obtained for total dissolved Cu and Cu speciation methods.  
Good agreement was also obtained in a much less comprehensive total dissolved Zn 
intercomparison.  No intercomparison was obtained for Zn speciation because ours (CP-1157) 
was the only group to perform extensive Zn speciation measurements.      
  

In intensive seasonal studies of the CFE, concentrations of total dissolved Cu (TDCu; ∼3-
25 nM) and Zn (TDZn; ≤61 nM) were always well below EPA criterion continuous 
concentrations (CCC) in freshwater and saltwater.  The relatively low concentrations of the 
metals in the CFE probably reflect relatively small inputs of these metals coupled with the rapid 
flushing rate (short residence time) of the estuary.  The large excess of very strong Cu-
complexing ligands (ΣLi,Cu; 7 to >200 nM) relative to TDCu (∼3-25 nM) maintains very low 
concentrations of free Cu2+ (<10-13 M).  The CFE system can therefore be considered to be very 
well “buffered” with respect to free Cu2+ ion.  Humic substances can account for virtually all the 
strong Cu-complexing capacity in the CFE.  Since humics are a relatively consistent fraction of 
the total dissolved organic carbon (DOC) in the system, and DOC behaves conservatively in the 
CFE, we observed a strong correlation between ΣLi,Cu and DOC.  This empirical relationship can 
be used in the CFE to predict concentrations of ΣLi,Cu based on measurements of DOC.  This is 
significant because the analysis of ligand concentrations is time-consuming and difficult, 
whereas DOC measurements are relatively simple.  If this relationship can be established in other 
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estuarine systems containing varying levels of DOC, TDCu, and strong Cu-complexing ligands, 
then DOC may become a useful proxy measurement for Cu ligands.  Measurements of TDCu 
and DOC may therefore be used to relatively quickly estimate Cu speciation (including free Cu2+ 
concentrations) in estuarine or harbor systems. 
 
  Concentrations of TDZn ranged from non-detectable (ND) to 61 nM in the upper CFE 
and ND to 61 nM in the lower estuary.  Concentrations of Zn-complexing ligands ranged from 
ND to 102 nM throughout the estuary whereas TDZn concentrations ranged from ND to 61 nM.  
In certain samples, concentrations of Zn-complexing ligands were less than TDZn, suggesting 
that TDZn can titrate out relatively strong ligands leaving the remaining Zn as either weakly 
complexed Zn or inorganic Zn.  In contrast to the large extent of organic complexation of TDCu 
(>99%), only 25-84% of the TDZn occurs as relatively strong organic complexes in the CFE.  
This differing behavior is mainly a consequence of the much weaker nature (lower K’) of the Zn-
ligand complexes, as well as the comparatively lower concentrations of Zn ligands relative to 
TDZn in the CFE.  In contrast to the findings for Cu, extracted humic substances from the CFE 
did not significantly complex TDZn; thus humics are not a significant source of relatively strong 
Zn-complexing ligands in the CFE.  Therefore, the ligands complexed to Zn and Cu are different 
and factors favoring strong Cu complexation in the CFE, and perhaps other estuarine and harbor 
systems, do not necessarily favor Zn complexation. 
 
 Benthic fluxes of TDCu and TDZn were generally small and sporadic in the CFE system 
and did not contribute significantly (<5%) to observed standing stocks of these metals in the 
estuarine water column.  This behavior presumedly reflects relatively low concentrations of these 
metals in the sediments and porewaters.  The short residence time of water in the system may 
serve to keep the sediment well-flushed, thereby precluding the accumulation of dissolved metals 
in the porewaters.   
 

Benthic fluxes of strong Cu-complexing ligands were generally sporadic.  A relatively 
small number of the total measurements showed significantly large outward fluxes of ligands.  
Since the effluxing ligands were not analytically distinguishable from those in the water column, 
it is possible that some of the ligands found in the CFE water column are derived from sediment 
porewaters.  However, given the large ligand concentrations found in the CFE water column and 
the short residence time of the system, benthic fluxes did not contribute significantly (<5%) to 
observed standing stocks.  In estuarine systems possessing lower water column ligand 
concentrations and longer residence times (e.g., Chesapeake Bay), benthic fluxes of comparable 
magnitude could be a potentially significant source of strong Cu-complexing ligands.      
  
 Direct measurements of benthic fluxes of Zn-complexing ligands described in this study 
are the first ones reported.  Similarly to fluxes of Cu ligands, Zn ligands fluxes were sporadic 
and contributed <5% to the total standing stock of ligands in the CFE water column.  However, 
effluxing Zn ligands were analytically indistinguishable from those found in the water column; 
therefore, some of the water column ligands may be derived from sediment porewaters.   
   
 

Experiments in which inorganic Cu2+ was added to natural CFE water and exposed to 
natural or simulated sunlight demonstrated that the magnitude of photobleaching or 
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photochemical degradation of colored dissolved organic matter (CDOM) was significantly 
reduced compared to experiments with no added Cu2+.  It is proposed that this photoprotection 
results from the formation of strong Cu complexes which act as a sink for superoxide radicals 
which would otherwise be available for photobleaching of  CDOM.  In the CFE, we calculated 
that up to 6% less photobleaching of CDOM occurs due to the ambient concentration of strongly 
complexed Cu.  Thus, in the CFE and other estuarine and harbor systems, strongly complexed 
Cu may alter the degree of photobleaching in waters exposed to sunlight. 

 
Sunlight irradiation of natural CFE waters showed that 80-95% of the initial 

concentration of strong Cu-complexing ligands were photodegraded in full spectrum light and 
∼60% was degraded by photosynthetically available radiation (PAR) over the course of 4 days.  
The effectiveness of PAR in photodegrading ligands is significant because PAR can penetrate up 
to a few meters in even darkly colored estuarine waters.  The overall importance of ligand 
photodegradation in natural waters depends upon many factors, including light intensity, depth of 
light penetration, and the physics of mixing processes.  However, these observations suggest that 
photodegradation may be a significant sink for strong Cu-complexing ligands over the relatively 
long term.   

 
Sunlight irradiation of complexed Cu produced significant concentrations of dissolved 

Cu(I), presumably by a ligand-to-metal charge transfer process.  The Cu(I) produced was 
probably also strongly complexed, although this could not be explicitly determined using current 
speciation methods.  Transformations of Cu(I) and Cu(II) should show a strong diurnal cycle in 
estuarine surface waters, similar to what has been observed previously by other workers in 
oceanic surface waters.  Concentrations of dissolved Cu(I) in estuaries may therefore comprise a 
significant but variable fraction of TDCu in estuarine waters. The monitoring of Cu(I) in sunlight 
irradiations of unfiltered CFE waters and resuspended bottom sediments demonstrated that 
ambient suspended particles and sediments either have no impact on Cu(I) production or cause a 
net uptake/oxidation of Cu(I).  Thus resuspended sediments and ambient particles may be a net 
sink of Cu(I) in estuarine waters either through absorption or increased oxidation.   

 
Resuspended natural CFE bottom sediments exposed to simulated sunlight did not appear 

to release or take up significant concentrations of TDCu, although some variable release was 
found after irradiation of unfiltered CFE water containing natural suspended particles but no 
bottom sediments.  This suggests that the CFE suspended material, which probably contains 
more organic matter, may be more photoreactive than the bottom sediments.  Resuspended San 
Diego Bay sediments, which contained much more Cu (2300 nmol Cu/g dry sediment) than the 
CFE sediments (3-20 nmol Cu/g dry sediment) showed a very large increase in total Cu 
concentration after sunlight irradiation.  Similarly high release after photolysis was also observed 
in relatively more contaminated CFE sediments adjacent to the Port of Wilmington (50 nmol/g 
dry sediment).  Results of the photolysis experiments using the San Diego Bay and Port of 
Wilmington sediments clearly indicated that photolytic release of Cu is only significant in 
sediments with relatively high Cu concentrations (such as San Diego Bay).  Throughout the CFE, 
percent organic carbon was highly correlated with the amount of Cu in the sediments.   
 

Only limited conclusions can be drawn regarding the specific effects of the large scale 
dredging and straightening project on Cu and Zn cycling in the Cape Fear estuary, since the 
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design of the study did not permit the type of fine-scale sampling that is necessary to adequately 
assess dredging effects.  Our sediment results show that there are relatively low levels of total 
dissolved Cu and Zn in the CFE, and fluxes of these metals and their binding ligands do not 
significantly affect their standing stocks in the estuary.  One of the major reasons for these 
observations is that the estuary is well-flushed, resulting in relatively short residence times (≤ 1 
week) of the water.  The dredging project is increasing the tidal volume of the system; this would 
serve to increase the flushing capability of the estuary, therefore leading to negligible effects 
upon Cu and Zn concentrations and speciation. 

 
We found that resuspended sediments that were relatively high in Cu release metal when 

exposed to sunlight-exposed surface waters.  However, we detected moderately elevated 
concentrations of sedimentary Cu in the CFE only at one station adjacent to the Port of 
Wilmington; downstream sediments showed unremarkable concentrations of Cu.  Therefore, for 
the bulk of the mainstem estuary, it is unlikely that resuspension of sediments will generate Cu 
contamination.  We cannot specifically assess the effects of resuspension from dredging of 
sediments in the predominantly freshwater portion of the system upstream of the Port of 
Wilmington; however, given the rapid flushing rate of the system, we would surmise that no 
significant long-term effects should be expected.  We cannot assess potential Zn release from the 
sediments as that was not studied.  
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1. Objectives 
 
  The statement of need in response to which our proposal was submitted expressed the 
goal of an improved understanding of the in situ physical and chemical processes that may affect 
Cu and Zn speciation, potential bioavailability, and fate and cycling in estuarine waters.  The 
specific goals of this proposed study were as follows: 
 
(1)  to quantitatively determine water column concentrations and benthic fluxes of total dissolved 
Cu (TDCu), total dissolved Zn (TDZn), Cu- and Zn-complexing ligands, and dissolved organic 
carbon (DOC) seasonally at two sites in the Cape Fear estuary (CFE).  These sites included a 
military shipping terminal and a commercial shipping harbor, both of which are representative of 
the impacts and conditions expected at typical DoD harbors.    
 
(2)  to quantitatively determine the contribution of benthic fluxes of TDCu, TDZn, and Cu- and 
Zn-omplexing ligands to the standing stock of these substances in overlying estuarine waters. 
 
(3)  to determine changes in speciation, fate, and cycling of Cu which occur during resuspension 
events (wind and wave mixing, dredging operations), particularly focusing on the role of 
photochemical reactions involving Cu and DOC which may play a role in altering metal 
speciation and transformations.  This goal included a specific determination of the 
photochemical conditions (light intensity and wavelength) which characterize any possible 
photochemically induced speciation changes in dissolved Cu and the dissolved organic 
complexes in which they occur.   
 
 (4)  to examine the effects of a large scale dredging and straightening project in the Cape Fear 
estuary (which began in 2001, approximately midway through our project) on the speciation, 
fate, and cycling of Cu and Zn in estuarine waters and sediments subjected to large scale 
disturbances that are representative of those that may occur in DoD harbors. 
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2. Background 
 
2.1. Overview 
   
  The speciation of a dissolved trace metal refers to its distribution among various 
chemical forms, including free hydrated ion, inorganic complexes, and complexes with organic 
ligands.  Speciation studies of Cu and Zn have focused almost exclusively on the water column 
of estuarine and oceanic environments, where organic complexation of these metals appears to 
control concentrations of their free hydrated ionic forms (e.g., Cu2+(aq), Zn2+(aq)), which in turn 
are linked to toxicity and bioavailability of these metals.  However, in the relatively shallow 
water environments within which DoD facilities are typically situated, sediment-water 
interactions are a critically important, yet commonly neglected set of processes which can affect 
the speciation, fate, and cycling of Cu and Zn.  These interactions include fluxes across the 
sediment-water interface as well as resuspension of bottom sediments into overlying waters 
resulting from natural and anthropogenic disturbances.  These factors together control the 
potentially bioavailable standing stock of Cu and Zn in harbors and estuaries.  A thorough 
understanding of these processes is necessary to address compliance standards (water quality 
criteria, discharge regulations) that relate to environmentally realistic impacts of Cu and Zn 
discharges as based on potentially bioavailable metal concentrations (metal speciation) and not 
simply total metal concentrations.  Information on these processes is critical for designing a 
scientifically-based response to regulations whose goal is to minimize toxic environmental 
effects in harbors and estuaries subject to shipping, loading, mooring, and associated activities 
such as dredging. 
  
 The main study area for this project, the lower Cape Fear River estuary in southeastern 
North Carolina, has a number of desirable attributes relevant to the study objectives.  First, it 
contains a range of water types within its reaches, ranging from organic-rich coastal plain 
freshwaters to nearly oceanic waters.  This span is representative of the range of water types 
comprising virtually all DoD harbor facilities.  Second, the Cape Fear is undergoing a dredging 
and straightening project which began in 2001, approximately midway through our project, 
providing the possibility of assessing physical and chemical changes in metal speciation in the 
estuary prior to and after large scale disturbance.  
  
  This work improves our understanding of the in situ physical and chemical processes that 
may affect the speciation of dissolved Cu and Zn, and hence their potential bioavailability and 
toxicity in estuarine waters.  We performed photochemical measurements which were a uniquely 
effective means for examining the mobility and transformations of photochemically labile metal 
complexes, which may be subject to resuspension and exposed to sunlit surface waters.  This 
project greatly increased the very limited direct measurements of benthic fluxes of Cu and Zn 
and their complexing ligands, therefore allowing a better evaluation to be made of the impact of 
sedimentary fluxes from sediments on overlying water chemistry.  An improved understanding 
of these processes in necessary to address compliance standards in DoD harbors that relate to 
environmentally realistic fates of dissolved Cu and Zn as based on potentially bioavailable metal 
concentrations (i.e., the fractions not complexed by organic ligands) rather than simply total 
metal concentrations. 
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2.2. Cu and Zn biogeochemistry 
 
  Dissolved trace metals in natural waters may exist as free hydrated ions (i.e., Cu2+(aq) 
and Zn2+(aq)) and as complexes with inorganic and organic ligands (Donat and Bruland, 1995; 
Stumm and Morgan, 1996).  It has been shown that the bioavailability of trace metals such as Cu 
and Zn to common estuarine and marine organisms (phytoplankton, copepods) is proportional to 
the activities of the free ionic forms of these metals and not simply to their total concentrations 
(Sunda and Guillard, 1976; Brand et al., 1983; Brand et al., 1986; Sunda et al., 1987, 1990).  In 
most natural waters, organic ligands, representing a very small fraction (~<0.1%) of the total 
pool of dissolved organic matter (DOM), form relatively strong complexes with these metals.  
Complexation of Cu and Zn by these organic ligands appears to play a significant role in 
regulating the biogeochemistry of the metals in natural waters by controlling concentrations of 
their uncomplexed, free ionic forms, which are assumed to be the bioavailable (and potentially 
toxic) forms to biota.   
 
  In surface oceanic and estuarine waters, dissolved Cu appears to be complexed by at least 
two classes of organic ligands:  a very strong class (commonly termed L1) which generally exists 
at concentrations ranging from 1-40 nM, with conditional stability constants (with respect to free 
Cu2+ ion, K’) of 1012 to 1014, and weaker classes (i.e., L2, L3), which exist at higher 
concentrations (6-150 nM), but with lower values of K’ (108-1010) (van den Berg, 1984; Buckley 
and van den Berg, 1986; van den Berg et al., 1987; Hering et al., 1987; Moffett and Zika, 1987a; 
Sunda and Hanson, 1987; Coale and Bruland, 1988, 1990; Apte et al., 1990; Moffett et al., 1990; 
Sunda and Huntsman, 1991; Donat and van den Berg, 1992; van den Berg and Donat, 1992; 
Donat et al., 1994; Moffett, 1995).  Its strong affinity for organic matter is consistent with 
observations that Cu is cycled with particulate organic matter (POM) in the oceanic and coastal 
water columns (Landing and Feely, 1981; Fischer et al., 1986; Kerner and Geisler, 1995), 
probably as a result of the Cu being incorporated within (Morel and Hudson, 1985) or adsorbed 
to the particles (Davis, 1984; Tessier et al., 1996). 
 
  In general, these metal-complexing ligands represent various fractions of dissolved or 
colloidal organic matter, including phytoplankton exudates and their degradation products 
(Anderson et al. 1984; Seritti et al. 1986; Zhou and Wangersky, 1989; Robinson and Brown 
1991; Kerner and Geisler, 1995).  Biogenic Cu-complexing ligands have been identified in 
laboratory cultures of various algae and bacteria (McKnight and Morel, 1979, 1980; Jardim and 
Pearson, 1984; Zhou and Wangersky, 1989; Kozarac et al., 1989; Moffett et al., 1990; also see 
Gledhill et al., 1997 for review).  On the basis of laboratory culture experiments and field 
observations, the common marine cyanobacterium Synechococcus has been postulated as a 
source of the strongest Cu-complexing ligand class, L1 (Moffett et al., 1990; Moffett and Brand, 
1996).  The specificity of this strong ligand even in the presence of excesses of other bioactive 
metals (Fe, Cd) indicates that this ligand is uniquely produced by this cyanobacterium, perhaps 
as a detoxifying mechanism in response to elevated levels of total dissolved Cu (Moffett and 
Brand, 1996).  However, the chemical compositions and structures of the compounds remain 
unknown because of the difficulties inherent in isolating extremely small concentrations of these 
substances in complex matrices such as estuarine and sea water. 
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   The speciation of dissolved Zn has been studied somewhat less intensively than Cu, 
primarily because there are fewer methods available for characterizing Zn-organic complexes.  
In the open ocean, Bruland (1989) and Donat and Bruland (1990) determined that >95% of total 
dissolved is strongly complexed by organic ligands having concentrations of 1.6-2.2 nM (close 
to the ambient Zn concentration) forming complexes with conditional stability constants (with 
respect to free Zn2+) of 1010-1011.   Weaker ligand classes, with values of K’of 107.4 to 109.4 and 
with concentrations of 4-160 nM have been detected in coastal and estuarine waters (van den 
Berg and Dharmvanij, 1984; van den Berg et al., 1986, 1987; Muller and Kester, 1991).  
Calculations of organically complexed Zn in estuaries range widely from 1 to >95%.  In certain 
polluted estuaries, total Zn concentrations appear to saturate the available organic Zn-
complexing ligands, leaving an appreciable fraction of Zn in the inorganic form (van den Berg 
and Dharmvanij, 1984) which may increase its bioavailability and thus increase toxicity to 
certain organisms (Sunda et al., 1987, 1990).  
 
  Both Cu and Zn can also form both dissolved and insoluble inorganic complexes with 
sulfide (Luther et al., 1996).  These interactions can play an important role in influencing the 
cycling and bioavailability of these metals in certain anoxic and hypoxic environments 
(Kuwabara et al., 1996; Zwolsman et al., 1997).  The precipitation and redissolution of metal 
sulfide phases has been shown to be important in anoxic sedimentary environments (Huerta-Diaz 
and Morse, 1992; Morse and Arakaki, 1993; Cooper and Morse, 1998) and in highly polluted 
estuaries with long water residence times (Zwolsman et al., 1997).   
 
 
2.3. The role of sediments in Cu and Zn speciation 
 
  The presence and transfer of metals such as Cu and Zn are of concern because toxic 
effects may result when the bioavailable forms of these metals are assimilated by organisms such 
as phytoplankton and benthic organisms, and by the higher trophic levels which feed on these 
organisms (Sunda and Huntsman, 1983, 1996; Cain and Luoma, 1985; Sunda et al., 1987).  
Many studies have demonstrated that sediment pore waters can be enriched in various metals 
relative to overlying waters (Elderfield et al., 1981a; Emerson et al., 1984; Shaw et al., 1990), 
suggesting that sediments may be a source of metals to overlying waters.  Measurements of 
metal fluxes have been presented in many studies (e.g., Elderfield et al., 1981b; Westerlund et 
al., 1986;  Kuwabara et al., 1996; Rivera-Duarte and Flegal, 1997).  While these studies 
demonstrated the importance of sediments in regulating the cycling of trace metals in aquatic and 
marine environments, they did not take into account the speciation of the fluxing metals.   
 
  Recently, Skrabal et al. (1997, 2000) demonstrated that estuarine sediments contain large 
(100- to 10,000-fold) excesses of Cu-complexing ligands relative to ambient TDCu.  Thus, 
dissolved Cu in pore waters of estuarine sediments is virtually completely complexed (96.9-
99.9%) by organic or mixed inorganic-organic (i.e., sulfide-containing) ligands.   Direct 
measurement in estuarine sediments indicated that fluxes of Cu-complexing ligands exceeded 
fluxes of TDCu by 3 to >40-fold, suggesting that any Cu fluxing from the sediments was likely 
to be organically complexed.  The large concentrations of Cu-complexing ligands maintained 
very low free hydrated Cu

2+
  concentrations (<1 to 300 pM; Skrabal et al., 2000), thereby 

potentially ameliorating its bioavailability and toxicity.  An additional observation of this study 
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was that a significant fraction, perhaps up to 50%, of the total ligand pool fluxing out of the 
sediments formed very strong Cu complexes (with values of K’, the conditional stability constant 
with respect to free Cu2+) of about 1015.  Previous field and laboratory observations suggested 
that strong Cu-complexing ligands (with K’ >1013) may be produced by cyanobacteria such as 
the ubiquitous coastal and oceanic species, Synechococcus (Moffett et al. 1990; Moffett and 
Brand 1996).  On the basis of preliminary experiments (Skrabal et al., 1997), the K’ of the strong 
Cu-complexing ligand class fluxing from Chesapeake Bay sediments was consistent with that of 
the strong ligand class found in the overlying waters, although the relative importance of the 
sediment source and the phytoplankton source remains to be determined and may vary among 
different sediment and water environments.     
 
  Zn complexation in the pore waters of various estuarine sediments has been examined by 
van den Berg and Dharmvanij (1984).  Their results show that pore waters contained 16 to 2,000 
nM of Zn-complexing ligands with values of K’ of 107.6 to 109.3.  These large ligand 
concentrations caused a large fraction (typically >90%) of TDZn in pore waters to exist as 
organic complexes.  In general, the pore water ligand concentrations were much greater than 
overlying water concentrations, suggesting the possibility of a flux of these ligands from 
estuarine sediments.  However, no direct flux measurements for Zn-complexing ligands have 
been reported in the literature.   
 
  The limited data on metal speciation in estuarine pore waters demonstrate that sediments 
may be a significant source of the ligands that appear to play such an important role in regulating 
metal speciation, and by extension, metal bioavailability and potential toxicity, in shallow water 
environments such as estuaries.  The general applicability of these results to other estuaries has 
not been established.  Information regarding fluxes of Cu and Zn complexing ligands in estuarine 
environments is critical for understanding the role of sediment-water exchange in affecting the 
speciation and potential bioavailability of Cu and Zn in overlying estuarine waters, particularly 
in impacted harbors where there may be high levels of these metals. 
 
 
2.4. Cycling and transformations of Cu and Zn and their complexing ligands 
 
  The distribution, speciation, and behavior of Cu and Zn in overlying waters can be 
affected by processes which occur in the water column itself and by interactions with metals in 
bottom sediments.  Water column processes include chemical transformations as a result of 
biological processes, including the production of metal-complexing substances by phytoplankton 
(McKnight and Morel, 1979, 1980; Moffett et al., 1990; Moffett, 1995; Moffett and Brand, 1996; 
Robinson and Brown 1991), production of biogenic degradation products which complex metals 
(Anderson et al. 1984; Seritti et al. 1986; Kozarac et al., 1989; Zhou and Wangersky, 1989), and 
the scavenging and release of Cu and Zn by redox-active Fe-Mn oxyhydroxide phases, sulfides, 
and POM (Kerner and Geisler, 1995; Cooper and Morse, 1996; Tessier et al., 1996).  Interactions 
with “undisturbed” bottom sediments can occur as diffusive (Fickian transport; Berner, 1980) 
and advective (e.g., bioirrigation; Aller, 1982) fluxes between pore waters and overlying waters.  
In disturbed sediments, exchanges can occur during sediment resuspension, which commonly 
occurs in harbors and estuaries as a result of wind, wave, and tidal stirring, shipping and berthing 
activities (e.g., propeller wash), and dredging.  Resuspension can engender a number of direct 
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and indirect effects on the speciation, concentration, and potential bioavailability of Cu and Zn in 
overlying waters.  Direct changes can occur by the dispersion of sediment pore waters, which are 
typically enriched in total metals, metal-complexing organic and inorganic (e.g., sulfide) ligands 
relative to bottom waters, leading to increases in concentrations of these constituents in overlying 
waters.  Indirect changes can occur in several ways, including: 1) the release of Cu and Zn from 
oxidizing sulfide phases present in anoxic or hypoxic sediments; 2) scavenging of dissolved Cu 
and Zn in overlying waters by resuspended Fe and Mn oxyhydroxides and POM; 3) indirect or 
direct transformation of photoactive sedimentary components (including POM and Fe and Mn 
phases) in surface waters with the accompanying release of associated Cu and Zn.   
 
  The release of trace metals such as Cu and Zn from oxidizing sulfides has been well 
documented in seasonally anoxic sediments and waters (Davies-Colley et al., 1984; Cooper and 
Morse, 1996, 1998).  However, in environments which do not typically experience water column 
anoxia (e.g., San Francisco Bay; Kuwabara et al., 1996), sulfide concentrations are likely to be 
variable, transient and in low concentrations relative to both dissolved metal and metal-
complexing ligand concentrations, thereby limiting their potential for significant control of trace 
metal speciation.  Because our proposed study area, the CFE, does not experience water column 
anoxia and rarely even hypoxia (Mallin et al., 1998), sulfide is likely to be  a relatively 
unimportant ligand for Cu and Zn.   
 
  The role of particles in regulating Cu and Zn concentrations is likely dominated by 
interactions with POM and inorganic particles such as Fe and Mn oxyhydroxides.  Rapid 
desorption of trace metals from oxyhydroxide particles might be expected to occur under rapidly 
changing pH or ionic strength conditions or during dissolution of these phases (Lion et al., 1982; 
Young and Harvey, 1992).  However, under short time scales in estuaries, numerous studies have 
indicated that interactions with POM (including living and decaying phytoplankton, organically 
coated particles) probably dominate particle-water interactions of trace metals such as Cu and Zn 
(Heggie et al., 1987; Gerringa, 1990; Lee and Fisher, 1992; Fisher and Wente, 1993; Kerner and 
Geisler, 1995).  These observations are consistent with the metal-complexing ability of organic 
exudates and other biogenic substances as described earlier. 
  
  Of all the potential effects on metal cycling and speciation that may occur as a result of 
sediment resuspension, the role of photochemical transformations in estuaries is the least studied.  
However, several studies have indicated the role that such transformations may play in 
significantly altering the speciation of Cu.  For example, photochemical degradation has been 
cited as the mechanism by which Cu(II)-organic ligand complexes in the ocean are dissociated to 
Cu(I) and oxidized ligand, with subsequent reoxidation of the Cu(I) to form inorganic Cu(II).  
Evidence for this mechanism was partly provided by Moffett and Zika (1988), who consistently 
observed significant concentrations of Cu(I) and H2O2 (which is photochemically produced from 
light-absorbing organic matter; Cooper et al., 1988) in oceanic surface waters during daylight 
hours.  Decreasing concentrations of Cu(I) with depth during daylight hours and little or no Cu(I) 
and H2O2 production in the absence of sunlight suggested a photochemical origin of these 
species.  Photochemical reactivity may also affect the cycling of the strongest Cu-complexing 
ligand class (L1).  Both Coale and Bruland (1988) and Moffett et al. (1990) found lower L1 
concentrations in surface waters relative to deeper waters within the photic zone, suggesting 
relatively high lability possibly induced by photochemical reactivity.   
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  Organic Zn complexes may be subject to photochemical degradation also, although there 
have been no studies to examine this possibility.  The strongest Zn-complexing ligands show a 
conservative distribution with depth in the photic zone of oceanic waters, suggesting a relatively 
higher degree of stability (Bruland, 1989).  Furthermore, photoreduction of Zn(II) does not 
occur, as Zn(I) is not a thermodynamically stable oxidation state.  However, weaker Zn-organic 
complexes such as have been detected in estuarine waters (van den Berg and Dharmvanij, 1984; 
van den Berg et al., 1986, 1987) may comprise a range of ligand types, some of which may 
undergo degradation with the subsequent release of Zn2+.     
 
  Another photochemical mechanism which may affect Cu and Zn mobility is the potential 
release of these metals by photoreduction of common carrier phases, including Fe(III) and 
Mn(IV) oxides and POM (Waite, 1990; Stumm and Morgan, 1996).  Photoreduction of Mn 
oxides has been observed in surface oceanic waters (Sunda et al., 1983; Sunda and Huntsman, 
1988; Waite et al., 1988; Waite and Szymczak, 1993).  Similar reactions may occur for Fe(III) 
oxides in natural waters, including surface and atmospheric waters (Behra and Sigg, 1990; Faust, 
1994).  Typically these photoreactions occur in the presence of dissolved or colloidal organic 
matter with which Cu and Zn may be associated, including fulvic and humic acids (Waite et al., 
1988) and organic acids such as oxalate (Zuo and Hoigne, 1992).  These types of reactions might 
be expected to be potentially important following resuspension of estuarine bottom sediments 
into illuminated surface waters.  Oxic bottom sediments are generally quite rich in Fe(III) and 
Mn(IV) oxides which are effective scavengers of dissolved trace metals such as Cu and Zn (e.g., 
Murray, 1975; Tessier et al., 1996).  Upon exposure to light, photoreduction may occur leading 
to the release of dissolved Cu and Zn to overlying waters.  A similar process might occur for Cu 
and Zn bound to POM in resuspended bottom sediments (e.g., Davis, 1984) when they are 
exposed to light in surface waters. 
 
  An additional consideration of the interaction of light with metals is the role of 
photochemically produced reactive species, principally H2O2, which may interact with the cycles 
of Cu and Zn and also affect their speciation and fate in estuarine waters.  The formation of H2O2 
is considered to occur as a result of the action of sunlight (at wavelengths < 400 nm) on colored 
DOC via the following proposed series of reactions (Cooper et al., 1989; Sturzenegger, 1989): 
 

  01DOC  —hν–> 11DOC*  ----> 13DOC* 

  13DOC* + 3O2  ----> DOC·+ + O2·- 

  2O2·- + 2H+  ----> H2O2 + O2, 
 
where 01DOC is ground state DOC, 11DOC* is excited singlet state DOC, 13DOC* is excited 
triplet state DOC, 3O2 is triplet state O2, and O2·- is the superoxide radical (which also plays an 
important role in redox transformations).  The H2O2 thus produced may act both reductant and 
oxidant for metals.  Oxidation of reduced metals such as Fe(II) and Cu(I) by H2O2 in seawater 
has been reported by Moffett and Zika (1987b).  Photoreduction of Fe(III) and Mn(IV) in the 
presence of organic matter is probably also mediated by H2O2 (Sunda et al., 1983; Hong and 
Kester, 1986; McKnight et al., 1988; Waite et al., 1988; Sulzberger et al., 1989; Bertino and 
Zepp, 1991).  Reactions of  H2O2 with organically complexed metals such as Cu(II)-ligand 
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complexes can result in the production of reduced metal complexes and oxidized ligands 
(Balzani and Moggi, 1990; Blough and Zepp, 1995).  This mechanism has been proposed for the 
cycling of strong Cu(II) organic complexes in the ocean (Moffett and Zika, 1988) as discussed 
previously.   
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3. Materials and Methods 
 

3.1. Sampling 
 

 Sediment and water sampling was primarily conducted at two sites in the CFE:  station 1 
located downstream of the Port of Wilmington and station 2 in the lower estuary downstream of 
the Military Ocean Terminal Sunny Point.  Both sites are subject to shipping and berthing 
activities characteristic of DoD harbor facilities.  Temporal (seasonal) variability in water-
column distributions and sediment-water exchange of Cu, Zn, Cu- and Zn-complexing ligands, 
and DOC at each site were assessed by performing water column analyses and benthic flux 
determinations three times per year (spring, summer, late fall-winter).  In addition, we collected 
bottom sediments and overlying water at each site for use in photochemical resuspension 
experiments.  In our intensive studies of Cu speciation, we also conducted sampling at various 
stations located along the estuarine salinity gradient.  Locations of station 1 and 2 and the 
transect stations are shown in Fig 1.   
 

Water column samples at the surface (~2 m depth) and near bottom (1-2 m above the 
sediment surface) were collected and sequentially filtered through in-line 1 µm- and 0.2 µm-
cartridge (Micron Calyx or Meissner) filters using a trace metal-clean pumping and filtration 
system.  Samples were obtained at each site for trace metal speciation (fluorinated high density 
polyethylene [FHDPE] bottles), total dissolved Cu and Zn (high density polyethylene [HDPE] 
bottles), DOC (precombusted glass vials), and pH (HDPE).  Samples were stored on ice until 
return to the laboratory.  Undisturbed bottom sediments in the estuary were collected by a box 
corer deployed off UNCW’s 19 m research vessel, the R/V Cape Fear.  The box cores were 
carefully subcored using acrylic core tubes (~14 cm diameter, ~60 cm long), sealed at the bottom 
with internal polyethylene core caps and external rubber screw-tightened caps, and covered at the 
top with polyethylene caps.  At least three cores were taken at each site.  The cores were 
transported carefully back to the laboratory in a plastic box.  At each site, unfiltered bottom 
water was collected by pumping into 50 L polyethylene carboys that were covered with black 
plastic bags. 
 
  Upon return to the laboratory, metal speciation samples were stored frozen (-20°C) if 
they could not be analyzed within a few days.  Total dissolved Cu and Zn (TDCu and TDZn) 
samples were acidified to pH ∼2 by addition of ultrapure 12 M HCl (Fisher Optima).  DOC 
samples were stored refrigerated until analysis.  Measurements of pH were made using standard 
methods after calibration of the meter with NIST-traceable buffers.  
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Figure 1.  Map of sampling sites in Cape Fear estuary.  Stations 1 and 2 were 
primary sampling sites for benthic flux studies.  Transects were also sampled 
between stations M18 and M61. 
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3.2. Benthic flux experiments 
 
  Benthic flux experiments (using three cores from each site) were performed in an 
environmental chamber at ambient temperatures and light levels (i.e., darkness).  Before 
beginning a flux experiment (typically within 24 h of return to the laboratory), the water 
overlying the cores was flushed using a peristaltic pump with ~3 volumes of ambient (recharge) 
water which is collected at the same time as the cores and stored in a polyethylene carboy under 
the same light and temperature conditions as the cores.  The water level in the cores was adjusted 
to 8-13 cm above the sediment surface, with a slight space left between the overlying water level 
and the core top.  The volume of water overlying the core was then approximately 1.2 to 1.9 L.  
Filtered, humidified air was gently bubbled into the water overlying the core using small 
diameter Teflon tubing inserted through the cover plate.  The air gently mixed the water and 
maintained its O2 concentration at near-ambient levels, with negligible loss of CO2 (Burdige and 
Homstead, 1994).   
 
  Samples of water (∼200 mL) overlying the core were removed as a function of time 
(generally once daily for 4-5 d and filtered in-line (0.2 µm) using a peristaltic pump.  Withdrawn 
volumes were replaced by equal volumes of recharge water from the carboys.  Analyte 
concentrations in the recharge water were monitored during the course of the experiment to 
account for any possible changes occurring during storage.  Subsamples were removed for metal 
speciation (FHDPE bottles), total dissolved metals (HDPE bottles), and DOC (precombusted 
glass vials).  Subsamples for speciation analyses were stored in FHDPE bottles at -20°C if they 
could not be analyzed in a timely manner or refrigerated for short-term storage.  Aliquots for 
total dissolved metal analysis were acidified to pH ~2 with ultrapure HCl.  DOC samples were 
stored refrigerated until analysis. 
 

Fluxes of analytes were determined by linear least squares fitting of the concentration vs. 
time data, taking into account any changes occurring in the recharge water.  These corrected data 
were converted into benthic fluxes by considering both the volumes of the water overlying the 
cores and the surface area of the core tubes.  The validity of this technique for measuring the 
fluxes of Cu, Cu-complexing ligands, and DOC has been demonstrated in previous studies 
(Burdige and Homstead, 1994; Skrabal et al., 1997).  Fluxes measured using the core incubation 
technique result from diffusive or bioturbation processes.  Advective and turbulent processes and 
hydrostatic influences such as tidal pumping are not taken into account.  Core incubation has the 
advantage of directly measuring net fluxes, including the effects of processes occurring at the 
sediment water interface. 
 
 
3.3. Photochemical experiments 
 
  Three high density polyethylene cups were filled with surface sediment (2-3 cm depth) 
from the box core taken at each site and homogenized into one sample for each respective site to 
use for photochemical experiments.  Controlled photolysis experiments were performed with 0.2 
µm filtered bottom water, unfiltered bottom water, and 0.2 µm filtered water plus ∼2 g wet 
sediment/L sediment.  Sub-samples were apportioned into six 500 mL quartz flasks, whereas two 
aliquots were stored for analysis of initial concentrations of TDCu, Cu-complexing ligands, 
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Cu(I), and DOC.  Three quartz flasks were enclosed in black polyethylene bags to serve as dark 
controls. The three light flasks were placed in a constant temperature water bath (set at ambient 
estuarine temperature) and irradiated in sunlight for 9 hours using a Spectral EnergyTM solar 
simulator (1 kW Xe arc light source) with AM1 filter to remove wavelengths not found in the 
solar spectrum. At the end of the experimental period the 3 dark and 3 irradiated light flasks were 
filtered separately through Meissner Stylux 0.2 µm polyethersulfone acid-washed capsule filters 
at the end of the experiment and  individually analyzed for TDCu, Cu-complexing ligands, Cu(I), 
and DOC to determine photochemically-induced changes in these analytes for triplicate samples. 

 
 

 3.4. Metal speciation 
 
  To determine the speciation of dissolved Cu and Zn ,we used electroanalytical methods 
which have been used successfully in previous work.  As is discussed in previous work, 
electroanalytical methods can provide estimations of the concentration of metal-complexing 
ligands, the conditional stability constants of the metal-ligand complexes, and the speciation of 
the metal; i.e., expressing the concentrations of organic complexes, inorganic complexes, and 
free hydrated ion (Ruzic, 1982; van den Berg, 1984; Donat et al., 1994). 
 
  The speciation of dissolved Cu was determined using competitive ligand equilibration-
cathodic stripping voltammetry.  This technique, which has been extensively used for Cu 
speciation studies, involves the establishment of a competitive equilibrium between Cu, the Cu-
complexing ligands naturally present in the sample, and an added organic ligand whose 
complexing characteristics are well known.  Many different competitive ligands are available for 
determining Cu speciation, including catechol (van den Berg, 1984), 8-hydroxyquinoline (van 
den Berg, 1986), acetylacetone  (Moffett and Zika, 1987a), tropolone (Donat and van den Berg, 
1992), salicylaldoxime (Campos and van den Berg, 1994), and benzoylacetone (Moffett, 1995).  
All of these ligands form electrochemically active complexes that can be reduced at a hanging 
mercury drop electrode; however, they differ primarily in the strength of the complexes formed 
with Cu.   
  
  The detection window of each of the different techniques determines the range of 
naturally occurring ligand strengths that can be detected with each added ligand.  This detection 
window depends on the relative magnitudes of the strengths of the naturally occurring Cu-ligand 
complexes and the complexes formed by Cu with the added ligand.  Thus, the range of detected 
naturally occurring ligands can be varied by changing the concentration of the added ligand or by 
choosing added ligands that form stronger or weaker complexes with Cu2+ (van den Berg and 
Donat, 1992). 
 
  As demonstrated in many previous studies (van den Berg, 1984; van den Berg et al., 
1990; Donat and van den Berg, 1992; van den Berg and Donat, 1992; Donat et al., 1994), the 
CLE-CSV technique allows the detection of a relatively strong class of Cu-complexing ligands, 
with conditional stability constants, K’, on the order of 1013-1015.  Observations from oceanic 
surface waters indicate that concentrations of this very strong ligand class are sufficient to 
completely complex all TDCu, and control its speciation (Moffett and Zika, 1987a; Sunda and 
Hanson, 1987; Coale and Bruland, 1988; Sunda and Huntsman, 1991; Donat and van den Berg, 
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1992).  In estuarine and coastal waters, however, concentrations of this strong ligand can be less 
than those of TDCu.  In such cases, weaker Cu-complexing ligands become important in 
controlling Cu speciation (Donat et al., 1994).  Therefore, quantification of this strong ligand 
class is extremely important to understanding Cu speciation in our estuarine study environment. 
 
  We chose to use the relatively strong competitive ligand, 8-hydroxyquinoline, which can 
be used to detect Cu-complexing ligands strengths of K’ ranging from ~1012 to 1015.  This 
detection window was held as constant as possible during all Cu speciation determinations so 
that the concentrations and strengths of Cu-complexing ligands can be compared throughout the 
study.  The CSV-CLE method involves the establishment of a competitive equilibrium between 
Cu, the Cu-complexing ligands naturally present in the sample, and a competing organic ligand, 
8-hydroxyquinoline (8-HQ), added to the sample.  Sample aliquots (5-10 mL) were buffered at 
their ambient pH, then spiked with incrementally increasing concentrations of Cu and allowed to 
establish a new equilibrium, typically over a period of 12 h.  The Cu-8HQ complexes were 
deposited at a hanging mercury drop electrode (HMDE), and then a negative-going potential 
scan was applied. The reduction current from the Cu bound to the added competing ligand 8HQ 
under the newly established equilibrium conditions was then measured (using square wave 
voltammetry) as a function of potential.  Ligand concentrations (ΣLi,Cu) were calculated using  
SYSTAT with a non-linear one ligand fit to the following equation: 
 

[Cu2+]/[CuL] = [Cu2+]/[ΣLi,Cu] + 1/ K’Cu-ΣLi [ΣLi,Cu]. 
 
These concentrations were calculated using a fixed K’Cu-ΣLi of 1013.5 which represents the 
approximate midpoint of pCu values (12-15) determined from our voltammetric results (Voelker 
and Kogut, 2001).  A full discussion of the analytical details and limitations of speciation 
calculation methods can be found in Shank (2004a).  
 
  Zinc speciation was also determined using a CLE-CSV technique using titrations as 
described for Cu, but utilizing a different competing ligand, ammonium 
pyrrolidinedithiocarbamate (APDC) (van den Berg, 1985; Donat and Bruland, 1990).  Using the 
van den Berg-Ruzic linearization procedure, the concentration and conditional stability constant 
of the Zn-complexing ligands were calculated (Ruzic, 1982; van den Berg, 1984).  This method 
has been used to determine one class of Zn-complexing ligands in oceanic and estuarine waters 
(van den Berg, 1985, Donat and Bruland, 1990).  Both the Cu and Zn speciation and total metal 
determinations (described below) were performed using electroanalytical equipment which 
includes an Ecochemie PGSTAT12 potentiostat coupled to a E.G & G. Princeton Applied 
Research model 303A HMDE and model 305 stirrer or a Bioanalytical Systems CV50W 
potentiostat connected to a model CGME electrode stand.   
  
 
 3.5. Total dissolved Cu and Zn 
 
  TDCu was determined directly on acidified samples using a CSV technique employing 8-
HQ as electroactive chelating ligand (van den Berg, 1986; Shank et al., 2004a).  Quantification 
was by the method of standard additions.  Samples were UV-irradiated for 4-6 h prior to analysis 
in Teflon beakers covered with inverted quartz beakers using a 1.2 kW Hg arc lamp system to 
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destroy any organically complexed Cu.  Accuracy was verified by regular analyses of certified 
reference materials obtained from the National Research Council (NRC) of Canada, including 
the riverine (SLRS-4), estuarine (SLEW-3), and oceanic (NASS-5) materials.  Values obtained 
were always within the certified 95% confidence intervals. 
 
  TDZn was determined on UV-irradiated, acidified samples using a solvent extraction 
technique followed by detection using graphite furnace atomic absorption spectrometry 
(GFAAS).  This technique involves addition of the strong Zn chelators, ammonium pyrrolidine-
dithiocarbamate and diethylammonium diethyldithiocarbamate (APDC-DDDC) to an aliquot of 
sample buffered to pH 4-4.5, extracting the complexes into chloroform, and back-extracting into 
dilute ultrapure HNO3 (Bruland, 1980).  Due to volume limitation, aliquots (10 mL) of irradiated, 
acidified sample were diluted to 50 mL with Milli-Q water (Millipore; ≥ 18 MΩ cm-1) prior to 
solvent extraction.  All procedures, including cleaning of reagents, has been described previously 
(Bruland, 1980).  TDZn concentrations in the extracted samples were quantified by the method 
of standard additions on a Perkin Elmer 5100 PC Atomic Absorption Spectrometer equipped 
with a 5100ZL Zeeman Furnace Module and AS 70 autosampler.  In order to verify the accuracy 
and precision of the TDZn method, the standard reference material, SLRS-4, was analyzed.  
Using this method, TDZn in SLRS-4 was 15 ± 2 nM (n = 14), which was within the acceptable 
range of the certified value (14.2 ± 1.5 nM).  
 
 
3.6. Dissolved organic carbon 
 
  Dissolved organic carbon were determined on acidified water samples with a Shimadzu 
TOC 5000 carbon analyzer equipped with a ASI 5000 autosampler.  This instrument was used in 
the Joint Global Ocean Flux Study (JGOFS) Equatorial Pacific Ocean DOC methods comparison 
study and found to generate very low instrumental blanks (Sharp et al., 1993; Sharp et al., 1995).  
The Shimadzu TOC analyzer was also desirable because it generates analytical results 
comparable  (+7.5%) to two other high temperature combustion instruments (Sharp et al., 1993; 
Sharp et al., 1995).  The collection and analysis of DOC samples employed the protocols used 
during the JGOFS Equatorial Pacific Ocean DOC methods comparison study.  Sample storage 
vials were cleaned prior to use by thoroughly rinsing with Milli-Q water and muffling at 550°C 
for two hours or more to remove organic material. 
 
 
3.7. Acid-leachable Cu in sediments 
 

Sediments in the CFE were measured for acid-leachable Cu concentrations.  Two aliquots 
of ∼1 g wet sediment from each seasonal collection were placed in 50 mL plastic centrifuge 
tubes, 20 mL of 1 M ultrapure HCl (Fisher Optima) was added, and samples were gently shaken 
over night on a shaker table.  The tubes were then centrifuged for 10 minutes, and 15 mL of the 
supernatant was withdrawn and placed in Teflon containers for analysis by GFAAS as described 
previously. 
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3.8. Sediment organic carbon and water loss 

 Sediments used for solar simulator experiments were analyzed for organic carbon and 
water loss. Drying dishes were muffled at 550°C, then kept in a dessicator to prevent water 
absorption. Triplicate samples were prepared with ∼3 g of wet sediment per dish. The samples 
were put in an oven at 60oC overnight for water loss measurement. The samples were then 
muffled at 550°C to determine percentage mass loss, which is taken to represent the organic 
content of the sediment. These values were divided by the conversion factor of 1.7 to give %OC 
(ISO 10694 and BS7755, 1995). 
 
 
3.9. Dissolved Cu(I) determination 
 
  Dissolved Cu(I) concentrations in estuarine samples from the photochemical 
resuspension experiments were determined using the solvent extraction technique of Moffett and 
Zika (1988). This solvent extraction procedure utilized the Cu(I)-specific chelator 2,9-dimethyl-
1,10-phenanthroline (dmp) in concert with the strong Cu(II) chelator ethylenediamine, which 
prevents artifactual formation of Cu(I) during the extraction procedure. Cu(I)-dmp complexes 
were extracted into methylene chloride and back-extracted into a small volume of 5% HNO3.  
   
  For each photochemical experiment, three 250-ml aliquots were 0.2 µm-filtered within 15 
minutes of collection from irradiated samples and dark controls and placed into FHDPE bottles.  
The extraction procedure was identical to that described by Moffett and Zika (1988) except that 
250 mL aliquots were used and extracted into ~2 mL final volumes, resulting in preconcentration 
factors of ~125. Concentrations of Cu in the extracted samples were determined using GFAAS 
(using instrumentation described previously) programmed with recommended conditions.  
Concentrations were calculated using standard additions (Kieber et al., 2004). Percent recovery 
of Cu(I) was not reported due to uncertain recovery during experiments. Copper (I) results are 
reported instead as ∆[Cu(I)], which assumes that the recovery is similar in all samples extracted. 
 
 
3.10 Contamination control 
 
  To prevent contamination of our samples, all apparatus used for trace metal analyses, 
including core tubes, bottles, filters, and sampling and analytical implements, were rigorously 
acid-washed (Bruland, 1980).  All sample manipulations and analyses were performed under 
class 100 laminar flow hoods within the clean room facility at the University of North Carolina 
at Wilmington.    
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4. Results and Accomplishments 
 
4.1. Overview 
  
 This project addressed and accomplished all of the major objectives originally proposed.  
In addition, we performed additional investigations, not originally proposed, that augmented our 
major objectives.  The major accomplishments are described below. 
 
4.2. Total dissolved Cu and Cu speciation in the Cape Fear estuary  
 

In concert with previous funding from North Carolina Sea Grant, we completed a 
comprehensive study on Cu speciation in the CFE.  Much of this work is reported in two 
publications (Shank et al., 2004a,b) whose results are summarized in this section.  Using an 
electrochemical technique, competitive ligand equilibration-cathodic stripping voltammetry 
(CLE-CSV) with 8-hydroxyquinoline (8-HQ) as competing ligand, we focused only on that 
portion of Cu-complexing ligands that are considered very strong (L1-type ligands; Donat and 
Bruland, 1995; Bruland et al., 2000).  This strength is reflected in the side-reaction coefficient of 
Cu with respect to added 8-HQ (αCu-8HQ), which had a mean value of 105.2 in our studies.  
Inconsistencies and problems with the use of the Li terminology have been noted by several 
authors (e.g., Town and Filella, 2000; Voelker and Kogut, 2001) and mainly relate to the 
arbitrary nature of the ligand class distinctions.  An alternative terminology, ΣLi,Cu, representing 
the sum of Cu-complexing ligands within the experimental detection window (in this work, at a 
fixed conditional stability constant with respect to the Cu-ΣLi complexes, K’Cu-ΣLi), is therefore 
used in the remainder of this work. 

 
Copper speciation was examined on eleven transects of the CFE from July 1998 to 

September 2000, at three stations (M18, M35, M54 or M61; see Fig. 1) located in the lower, 
middle, and upper estuary, respectively.  Relevant data and physical parameters from these 
transects are listed in Table 1.  Concentrations of ΣLi,Cu among all transects ranged from 7 to 
>200 nM.  These ligands were always in excess of TDCu concentrations, which ranged from 3-
25 nM, and complexed >99.9% of the TDCu.  As a result, concentrations of free hydrated Cu2+ 
ion were limited to concentrations of <0.03-0.25 nM. 

 
Concentrations of DOC examined on 6 transects showed conservative distributions with 

respect to salinity, ranging from ∼1000 to 1250 µM at the low salinity end member (salinity <3) 
(Fig. 2).  The conservative behavior of DOC has been previously reported in the CFE (Avery et 
al., 2003) and reflects the relatively degraded nature of terrestrially derived organic matter 
entering the Cape Fear system.  Concentrations of ΣLi were highly correlated (r2 = 0.93, p 
<<0.01) with DOC concentrations at DOC levels of  <1000 µM (Fig. 3).  The relationship did 
not hold in low salinity waters with DOC >1000 µM.  Other studies have also found correlations 
of DOC and strong Cu-complexing ligand concentrations (Severn estuary, UK: Apte et al., 1990; 
Westerschelde and Oosterschelde estuaries, The Netherlands: Gerringa et al., 1996; Galveston 
Bay, USA: Tang et al., 2001), but none with as strong a correlation as this study.   
 

The strong ΣLi,Cu-DOC correlation (r2 = 0.94, p <<0.01) also existed in ultrafiltered 
fractions (<0.45 µm feed, <10 kDa, <1 kDa) of upper and lower CFE samples collected in April 
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2002 in cooperation with Dr. M. Shafer’s group at the University of Wisconsin-Madison 
(SERDP project CP-1158).  This indicates that the strong Cu-complexing capacity of Cape Fear 
waters is distributed across different size classes, including colloids, and is apparently a function 
of the quantity of DOC (Fig. 4).  A similar relationship between strong Cu-complexing ligands 
and DOC in ultrafiltration fractions was observed by Tang et al. (2001) in Galveston Bay. 

 

Humic substances, comprising a significant fraction of Cape Fear DOC, were isolated 
from Cape Fear estuarine waters using a solid-phase C18 extraction procedure (Kieber et al., 
1999).  A solution containing 26 mg humics per L in deionized water was diluted using Sargasso 
Sea water to form a series of solutions of salinities 5, 12, 19, and 30 as a simulation of estuarine 
mixing.   These samples were analyzed for ΣLi,Cu concentrations using approximately the same 
competition level (αCu-8HQ ≈ 105) as the Cape Fear transect samples.  Concentrations of ΣLi,Cu 
were correlated to humic-derived DOC concentrations (r2 = 0.92, p = 0.04), but with some 
variability at high DOC levels, similar to what was observed in the estuarine transects (Fig. 5).  
Based on previous measurements showing that ∼30-50% of the DOC in the CFE is humic-based 
(R. Kieber, unpublished data), and using approximate estuarine DOC:humic C ratios of 3:1 and 
2:1, it appears that the C18-extracted humics could account for virtually 100% of the ΣLi.Cu 
concentrations observed in the CFE.  Similar strong Cu-complexation results have been observed 
by Kogut and Voelker (2001) using freshwater and seawater solutions of humic and fulvic acid 
isolates as well as by Xue and Sigg (1999) using fulvic acid in freshwater.  Our results suggest 
that (1) allocthonous organic matter is the primary source of strong Cu-complexing ligands to the 
CFE, overshadowing any possible biological sources; and (2) it may be possible to predict the 
strong Cu-complexing capacity of estuarine waters based on measurement of DOC, a parameter 
which is much more analytically accessible than ΣLiCu..   
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Table 1.  Physical parameters, DOC, TDCu, and Cu speciation data for Cape Fear estuarine transects.  (TDCu = mean ± s.d., n = 3; 
ΣLi,Cu = mean ± 0.5 x range at fixed K’CuL = 1013.5, n = 2).  From Shank et al. (2004a). 

sampling         DOC TDCu detection window ΣLi,Cu 
date site temperature salinity pH (µM C) (nM)  log αCu8HQ (nM) 

27-Jul-98 M18 29.2 34.9 8.0 no sample 3.2 ± 0.5 4.8 7 ± 2 
 M35 29.5 28.2 7.9 no sample 4.6 ± 0.3 5.0 46 ± 5 
 M54 29.8 18.5 7.7 no sample 10.2 ± 0.2 5.2 127 ± 8 
 NAV 30.2 7.9 7.6 no sample 21.0 ± 1.6 5.5 122 ± 2 
 NCF6 30.1 9.7 7.5 no sample 16.7 ± 1.4 5.4 149 ± 2 
         

19-Feb-99 M18 13.6 32.7 8.0 202 4.3 ± 0.4 4.9 11 ± 2 
 M35 13.2 17.7 7.8 564 6.1 ± 0.5 5.2 120 ± 16 
 M54 13.1 8.4 7.6 783 6.4 ± 0.5 5.5 176 ± 30 
         

19-Apr-99 M18 16.9 32.6 7.9 248 2.9 ± 0.4 4.9 16 ± 1 
 M35 17.7 20.0 7.8 518 6.7 ± 0.8 5.1 105 ± 2 
 M54 18.7 7.0 7.5 762 20.5 ± 1.8 5.5 155 ± 3 
         

11-Jun-99 M18 25.9 33.3 8.0 214 3.4 ± 1.1 4.9 24 ± 1 
 M35 27.0 25.6 7.9 416 8.3 ± 0.4 5.1 53 ± 0 
 M54 27.4 15.2 7.7 700 7.5 ± 1.6 5.3 114 ± 0 
 NAV 27.5 7.8 7.4 867 20.8 ± 0.7 5.3 160 ± 15 
 NCF6 28.0 5.1 7.3 1153 15.6 ± 1.0 5.3 222 ± 22 
         

17-Dec-99 M18 14.0 27.0 7.9 352 6.0 ± 0.5 5.0 36 ± 1 
 M35 13.5 15.0 7.6 648 10.2 ± 0.7 5.3 110 ± 4 
 M61 12.3 3.0 7.4 976 12.0 ± 0.5 5.7 229 ± 35 
         

30-Jun-00 M18 28.3 32.0 8.0 242 3.0 ± 0.4 5.0 12 ± 1 
 M35 27.8 25.7 8.0 526 6.2 ± 1.2 5.2 69 ± 14 
 M61 28.3 8.0 7.6 782 18.3 ± 1.8 5.5 178 ± 19 
 NAV 28.4 2.2 7.4 1336 22.7 ± 1.5 5.7 201 ± 21 
 NCF6 28.9 3.0 7.3 1242 14.7 ± 2.0 5.4 164 ± 0 
         

20-Sep-00 M18 25.5 31.0 7.9 278 3.8 ± 1.4 5.0 20 ± 7 
 M35 25.3 14.7 7.8 724 10.7 ± 0.7 5.4 102 ± 10 
  M61 25.2 3.3 7.4 1286 14.2 ± 1.5 5.6 197 ± 32 
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Figure 2.  Distribution of DOC with respect to salinity for completed Cape Fear estuarine 
transects from February 1999 to September 2000.  DOC data for February 1999 to December 
1999 are also presented in Avery et al. (2003).  From Shank et al. (2004a).
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Figure 3.  Relationship between ΣLi,Cu and DOC concentrations for the Cape Fear estuary 
(February 1999 to September 2000).  M18, M35, M54/61 (●), NAV (■), NCF6 (▲).  From 
Shank et al. (2004a). 
 
 
 
 
 
 
 
 
 
 
 
 
 

 

 

 

Figure 4.  Relationship between ΣLi,Cu and DOC concentrations in ultrafiltered size fractions of 
Cape Fear estuarine water (April 2002).  Feed samples were 0.45 µm filtered.  From Shank et al. 
(2004a). 
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Figure 5.  Comparison of ΣLi,Cu vs. projected DOC relationship for prepared Cape Fear humic 
solutions and ΣLi,Cu vs. DOC relationship measured for Cape Fear estuarine transect data.  
Projected DOC concentrations were calculated using estimated DOC:humic C ratios of 2:1 (○) 
and 3:1 (∆).  From Shank et al. (2004a). 
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 26

4.3. Benthic fluxes of TDCu and strong Cu-complexing ligands 
 
 The publication by Shank et al. (2004c) describes results of our benthic flux experiments 
for TDCu and strong Cu-complexing ligands detectable using the CLE-CSV technique described 
previously.  The important results of that paper are summarized here.   
 

These experiments were performed on cores collected in April, June, and October 2001 
and June 2002 at stas. 1 and 2 in the CFE (Fig. 1).  Results from these experiments are shown in 
Table 2-5).  Relatively large outward fluxes of strong ligands occurred only in sta. 2 cores during 
June 2001 (340-1500 nmol m-2 d-1) and in June 2002 in both sta.1 cores (230-1400 nmol m-2 d-1) 
and in sta. 2 cores (0-520 nmol m-2 d-1).  All other ligand fluxes were either statistically 
insignificant, or small and inconsistent in direction.   Consistently large outward fluxes of DOC 
occurred only during June 2002 at both sta. 1 (0-1200 µmol C m-2 d-1) and sta. 2 (2000-3700 
µmol C m-2 d-1).  At other times, DOC fluxes were statistically insignificant, or small (≤ ± 1000 
µmol m-2 d-1) and of variable direction.  A marked relationship between fluxes of DOC and 
strong ligand occurred only in cores from stas. 1 and 2 during June 2002.  In these cores, the 
average Cu ligand:DOC ratio of 3 x 10-5 mol g-1 C was similar to the water column ratio of ∼2 x 
10-5 mol g-1 C found in the CFE by Shank et al. (2004a).   
 

Since the ligands that do flux from the sediment are not distinguishable from those in the 
Cape Fear water column (K’Cu-ΣLi ≥ 1013), it is possible that benthic fluxes may be a source of at 
least some of the strong Cu-complexing ligands found in Cape Fear estuarine waters.  These 
fluxing ligands may include humic materials, biologically produced ligands (e.g., thiols), or 
diagenetically produced organic substances.  Our calculations suggest that benthic fluxes of 
strong Cu-complexing ligands probably contribute <1% of the total pool of strong ligands found 
in the Cape Fear water column.  This small contribution is attributed to the very large ambient 
ligand concentrations already present in the water column, coupled with a very short water 
residence time in the estuary (<1 week).  However, comparable benthic fluxes of strong ligands 
that occur in estuarine systems having relatively long residence times (e.g., Chesapeake Bay, 6-
12 months) may be an important source of water column ligands.       
 

The largest TDCu fluxes were directed into the sediment (100-210 nmol m-2d-1) at sta. 2 
during June 2001.  All other TDCu fluxes were either statistically insignificant, or small and of 
variable direction (< ± 70 nmol m-2 d-1).  Fluxes of TDCu were not related to the behavior of 
strong ligands.  Overall, the TDCu fluxes were quite small, comparable to many other studies 
(see Rivera-Duarte and Flegal, 1997), and indicative of relatively uncontaminated sediments.  In 
general, the lack of significant fluxes of both TDCu and ligands is probably attributable to the 
high flushing rate of the Cape Fear system, which does not allow significant accumulation of 
these constituents in the upper part of the sediment column where exchange is most likely to 
occur.  
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Table 2.  Individual core and mean flux measurements for core incubation experiment #1 
conducted during April 2001.  Non-statistically significant (p > 0.05) fluxes are represented as 
‘0’ net flux.  A positive flux represents an outward flux from sediment pore waters to the 
overlying water.  From Shank et al. (2004c). 
 
 
 
 
 
 
 
 
 
 
 
 

April 2001 
Incubation temperature = 20 °C 
     

  DOC strong ligand TDCu 
Core salinity µmoles C m-2 d-1 nmoles m-2 d-1 nmoles m-2 d-1 
1A 13 320 0 -56 
1B 13 0 0 0 
1C 13 0 0 0 

 Mean flux 110 ± 190 no significant fluxes -19 ± 32 
     

2A 23 300 0 0 
2B 23 0 380 0 
2C 23 0 0 0 
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June 2001 
Incubation temperature = 27 °C 
     

  DOC strong ligand TDCu 
Core salinity µmoles C m-2 d-1  nmoles m-2 d-1  nmoles m-2 d-1 
1A 12 0 0 0 

1B 12 0 380 0 
1D 12 0 0 0 

 Mean flux no significant fluxes 130 ± 220 no significant fluxes
 

 
Table 3.  Individual core and mean flux measurements for core incubation experiment #2 
conducted during June 2001.  Non-statistically significant (p > 0.05) fluxes are represented as ‘0’ 
net flux.  A positive flux represents an outward flux from sediment pore waters to the overlying 
water.  From Shank et al. (2004c).

 Mean flux 99 ± 170 130 ± 220 no significant fluxes
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October 2001  
Incubation temperature = 17 °C 
     

  DOC strong ligand TDCu 
Core salinity µmoles C m-2 d-1  nmoles m-2 d-1 nmoles m-2 d-1  
1A 26 730 0 23 
1B 26 0 0 19 
1C 26 0 0 0 
  Mean flux 240 ± 420 no significant fluxes 14 ± 12 
     

2A 29 0 29 0 
2B 29 0 -14 53 
2C 29 0 0 0 
  Mean flux no significant fluxes 5 ± 22 18 ± 31 

 
Table 4.   Individual core and mean flux measurements for core incubation experiment #3 
conducted during October 2001.  Non-statistically significant (p > 0.05) fluxes are represented as 
‘0’ net flux.  A positive flux represents an outward flux from sediment pore waters to the 
overlying water.  From Shank et al. (2004c).
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June 2002  
Incubation temperature = 28 °C 
     

  DOC strong ligand TDCu 
Core salinity µmoles C m-2 d-1  nmoles m-2 d-1  nmoles m-2 d-1  
1A 27 3100 1000 0 
1B 27 2000 230 0 
1C 27 3700 1400 0 
  Mean flux 2900 ± 840 870 ± 580 no significant fluxes
     

2A 32 1200 520 -69 
2B 32 1100 220 30 
2C 32 0 0 -33 
  Mean flux 760 ± 660 250 ± 260 -24 ± 50 

 

Table 5.  Individual core and mean flux measurements for core incubation experiment #4 
conducted during June 2002.  Non-statistically significant (p > 0.05) fluxes are represented as ‘0’ 
net flux.  A positive flux represents an outward flux from sediment pore waters to the overlying 
water.  From Shank et al. (2004c).



 31

4.4. Total dissolved Zn and Zn speciation in the Cape Fear estuary  
  

Most of the work regarding TDZn concentrations and Zn speciation in the Cape Fear was 
completed as part of a M.S. thesis (Lieseke, 2003) and will also be presented in manuscripts for 
peer-reviewed publications.  The following discussion is adapted from this thesis. 

.   
Concentrations of TDZn and Zn-complexing ligands (ΣLi,Zn ) in bottom waters at stas. 1 

and 2 (Fig. 1) of the CFE were determined by analyzing the recharge water collected during core 
incubation experiments at time point T0.  These results are shown in Table 6.  The competition 
exerted by the ligand used in the CLE-CSV analyses (αZnPDC  ≈ 1) allowed detection of ligands 
that form complexes with Zn with conditional stability constants, K’Zn-ΣLi,Zn 

 of ∼107-1010.  
Concentrations of TDZn ranged from non-detectable (ND) to 44 nM in the upper estuary (sta. 1) 
and ND to 61 nM in the lower estuary (sta. 2).  Concentrations of ΣLi,Zn   ranged from 10 to 102 
nM in the upper estuary and ND to 67 nM in the lower estuary.   

 
This range of concentrations is similar to that found previously for TDZn in the CFE.  

O’Connell (1999) found levels ranging from 15 to 90 nM throughout the estuary whereas 
MacGillivray (2003) reported TDZn concentrations of 5-10 nM and ΣLi,Zn concentrations of 36- 
96 nM at sta. 2 in the lower estuary.  Values reported for the CFE are similar to previous work 
found in other East Coast estuaries, such as Chesapeake Bay and Narragansett Bay.  Henry 
(1996) found concentration ranges of TDZn and ΣLi,Zn of 3-39 nM and 12-54 nM, respectively, 
in Chesapeake Bay.  Kozelka and Bruland (1998) found TDZn and ΣLi,Zn concentrations of 16-72 
nM and 11-48 nM, respectively, in Narragansett Bay.  In contrast, Manila Bay, a relatively more 
impacted estuary, had TDZn levels ranging from 2-147 nM and ΣLi,Zn  ranging from 2-123 nM, 
where elevated levels occurred near point sources (Vesasquez et. al., 2002).  The higher 
concentrations observed in impacted estuaries suggests the possibility of anthropogenic inputs.   
   
  Variability of TDZn and ΣLi,Zn  was observed between seasons and sampling locations in 
the CFE.  Seasonal variability was observed in the lower estuary (sta. 2) where higher 
concentrations occurred in the fall compared to the spring and winter-spring.  No seasonal 
variability occurred in the middle estuary (sta. 1).  Concentrations of TDZn and ΣLi,Zn were also 
much greater in the spring and winter in the middle estuary compared to the lower estuary, 
probably reflecting the higher reactivity of the finer-grained sediments in the middle estuary. 
   
  There was no significant correlation observed between TDZn and ΣLi,Zn when data from 
stas. 1 and 2 were considered together.  However, in considering the data separately from each 
station, a significant correlation was found at sta. 2 (Fig. 6b; r2 = 0.99, p ≤ 0.01) whereas there 
was no correlation at sta. 1 (Fig. 6a).  Station 2 concentrations of TDZn and ΣLi,Zn were therefore 
tightly coupled.  This behavior was also observed in the Scheldt estuary, where the TDZn 
concentrations (15-230 nM) were similar to those of ΣLi,Zn (22-220 nM).  In contrast, sta. 1 
concentrations were more variable, with ΣLi,Zn concentrations greater than TDZn concentrations 
in 4 of the 6 experiments.  In 2 of the 6 experiments, ΣLi,Zn concentrations were less than TDZn, 
suggesting that TDZn can titrate out relatively strong ligands leaving the remaining Zn as either 
weakly complexed Zn or inorganic Zn.  This behavior was observed in a more impacted British 
estuary, the Humber, in which the TDZn concentrations (91-275 nM)  
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Season Sampling Date Station 1 Station 2 

Fall November 29, 2000 19 ± 10 23 ± 1 
       
  October 29, 2001 24 ± 3 61 ± 13 
        

Summer June 26, 2001 30 ± 12 43 ± 6 
       
  June 28, 2002 ND ND 
        

Spring April 23, 2001 44 ± 29 ND 
        

Winter- March 7, 2002 31 ± 2 ND 
Spring       

(a) 
    

Season Sampling Date Station 1 Station 2 
Fall November 29, 2000 102 ± 8 25 ± 6 

       
  October 29, 2001 10 ± 4 67 ± 18 
        

Summer June 26, 2001 38 ± 23 44 ± 7 
       
  June 28, 2002 12 ± 3 ND 
        

Spring April 23, 2001 31 ± 18 ND 
        

Winter- March 7, 2002 101 ± 11 ND 
Spring       

(b) 
 
Table 6.  Concentrations of (a) total dissolved Zn and (b) Zn-complexing ligands from bottom 
water at time point T0 from sta. 1 and sta. 2 at each sampling time.  ND -= not detectable. 
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Figure 6.  Relationship between TDZn and Zn-complexing ligands from bottom waters at (a) 
station 1 (no significant correlation; p > 0.05) and (b) station 2 (significant correlation; p ≤ 0.01). 

 

a

b 
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were consistently greater than ΣLi,Zn (46-275 nM).  Calculations of organically complexed Zn, 
using the approach described in Ellwood and van den Berg (2000) showed 25-84% of the TDZn 
occurring in CFE as organic complexes.  The degree of complexation of Zn in the CFE is 
generally much lower than that of Cu, of which >99.9% exists as complexed species throughout 
the estuary (see section 4.2).  This differing behavior is mainly a consequence of the much 
weaker nature (lower K’) of the Zn-ΣLi,Zn complexes, as well as the comparatively lower 
concentrations of Zn ligands relative to TDZn in the CFE.  A significant fraction of dissolved Zn  
in the estuary therefore exists in inorganic or weakly organically complexed forms, whereas 
dissolved Cu exists predominantly as very strong organic complexes. 
 
  Organic-rich estuaries such as the Cape Fear may contain relatively high concentrations 
of metal-complexing ligands, given DOC concentrations typically range from 200-800 µM 
(Avery et al., 2003).  As discussed in section 4.2, concentrations of DOC are highly conservative 
with respect to salinity in the CFE (Avery et al., 2003).  Furthermore, Shank et al. (2004a) 
determined that concentrations of ΣLi.Cu  were highly correlated with DOC concentrations and 
suggested that concentrations of strong Cu-complexing ligands could be estimated from the DOC 
concentrations.  The significant correlation between DOC and strong Cu-complexing ligands 
indicates that a small but significant fraction of DOC consists of Cu-complexing ligands.  
Concentrations of ΣLi,Zn were plotted as a function of DOC in order to determine if a significant 
correlation could also be observed.  No statistically significant correlations occurred between 
DOC and ΣLi,Zn  (Fig. 7).  This suggests that Zn-complexing ligands comprise a more variable 
proportion of the DOC pool in the CFE, relative to the fraction of DOC that consists of strong 
Cu-complexing ligands.  It is also possible that there is a class of Zn-complexing ligands that 
covaries with DOC, but is too weak to be detected by the current method.  
  
  Concentrations of DOC in the CFE were positively correlated to river flow (Fig. 8; r2 = 
0.54, p ≤ 0.01).  This relationship has been observed for other estuaries along the southeast U.S. 
coast (Moran et al., 1999) and suggests that DOC is flushed from upland area and adjoining soils 
during times of high rainfall and subsequent runoff.  The impact of river flow was also examined 
for TDZn and ΣLi,Zn using United States Geological Survey river flow data from the Cape Fear 
River (available at http://waterdata.usgs.gov/nc/nwis).  River flow was calculated by taking an 
average of the daily mean stream flow for the sampling date and the 6 previous days to 
correspond with the approximate residence time of water in the estuary (∼1 week).  There was no 
statistically significant correlation between TDZn and Zn-complexing ligands and river flow 
(Fig. 9).  This lack of correlation suggests the importance of local inputs of Zn and ligands that 
are not significantly affected by river stage.  This behavior differs from what has been observed 
for Cu-complexing ligands in the CFE because the fraction of DOC that strongly complexes Cu 
increases with total DOC which in turn increases with river flow (Shank, 2004a). 
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Figure 7.  Relationship between strong Zn-complexing ligands and DOC for all sampling times 
at stations 1 and 2 in the CFE.  There is no statistical significance to this relationship (p > 0.05). 
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Figure 8.  Relationship between DOC concentrations and river flow, showing a statistically 
significant correlation (r2 = 0.54; p ≤ 0.01). 
 
 
  
 
 
 
 
        
       
       
       
       
       
       
       
       
       
       
       
       
       

 
 
Figure 9.  Relationship between TDZn and Zn-complexing ligands and river flow from bottom 
waters at stations 1 and 2 in the CFE during all sampling times.   Both plots show no statistical 
significance (p > 0.5). 
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 Since it is known that a large fraction of DOC in the CFE consists of humic substances 
(Avery et al., 2003) and that humics extracted from the CFE are very effective strong Cu 
chelators (Shank, 2004a; see previous section), it was important to examine the role of humics as 
Zn chelators.  Humics isolated from Cape Fear freshwater using solid phase C18 extraction were 
used to prepare 20 mg/L solutions (typical of the middle CFE) in UV-irradiated seawater diluted 
to a salinity of 10.  As shown in Fig. 10a, titrations of the humic solutions did not produce an 
initially suppressed response on the titration curve, indicating that humics do not complex Zn or 
only weakly complexe Zn at a level less than that detectable by the competitive ligand, APDC.   
It is possible that the ambient TDZn titrated out a small concentration of relative strong Zn 
ligands, leaving remaining Zn as either more weakly complexed Zn or inorganic Zn.  Blank 
solutions containing diluted UV-irradiated seawater of salinity 10 containing no added humics 
yielded titration curves very similar to solutions containing humics (Fig. 10b).  It is clear from 
these results that C18-extractable humics are not a significant source of relatively strong Zn-
complexing ligands in the CFE.  In contrast to Zn, humic substances dominate the pool of strong 
Cu ligands in the CFE (Shank, 2004a).  These results suggest that the ligands complexed to Zn 
and Cu are different and factors favoring strong Cu complexation in the CFE do not necessarily 
favor Zn complexation. 
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Figure 10.  CLE-CSV titration curves in the (a) presence and (b) absence of C18-extracted humic 
substances in UV-irradiated seawater of salinity ∼10. 
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4.5. Benthic fluxes of TDZn and ΣLi,Zn 
 
   As with the Cu fluxes, TDZn and Zn ligand fluxes measured using this technique were 
considered to be significant if the results from the linear regression of corrected concentrations 
vs. time produced a statistically significant fit (p < 0.05).  When flux calculations yielded p > 
0.05, fluxes were reported as zero.  Negative values indicate a flux into sediments from overlying 
waters and a positive value indicates a flux out of the sediment.  These experiments were 
performed on cores collected in November 2000, April, June, and October 2001, and March and 
June 2002.  
 
  Fluxes of ΣLi,Zn fluxes ranged from -1700 to 2900 nmol m-2 d-1 for both stations over the 
sampling period (Table 7).  These values are comparable to earlier work in the lower CFE 
showing ligand fluxes from -980 to 1200 nmol m-2 d-1 (MacGillivray, 2003).  Interestingly, the 
ligand flux of greatest magnitude (2900 nmol m-2 d-1) occurred at the same time as the largest 
TDZn flux.  Statistically significant Zn ligand fluxes were observed in only 8 of the 30 cores, of 
which 6 were positive fluxes.  This indicates sediments are generally not a significant source of 
Zn-complexing ligands to the water column.  Measurements of Zn ligand fluxes in MacGillivray 
(2003) and in the present work are the only direct measurements of Zn-complexing ligand fluxes 
that have been reported. 
    
  Fluxes of TDZn ranged from -1100 to 1800 nmol m-2 d-1 at both sampling stations over 
all sampling periods (Table 8).  These fluxes bracket the -56 to 300 nmol m-2 d-1 found at sta. 2 in 
the spring and summer in the CFE (MacGillivray, 2003).  Byers (1999) observed TDZn fluxes 
measured using porewater profiles in the Elizabeth River (southern Virginia) ranging from -57 to 
832 nmol m-2 d-1.  These comparable TDZn fluxes are interesting because both the Cape Fear and 
Elizabeth River estuaries are subject to inputs from industrial, municipal, and commercial and 
naval shipping activities.   

 
Statistically significant TDZn fluxes were observed in 12 of the 30 cores for all 

experiments, 9 of which were positive indicating a flux of TDZn to overlying waters from 
sediments.  The TDZn flux of greatest magnitude (1800 nmol m-2 d-1) measured during the entire 
project was a positive flux occurring during November 2000 at the upper estuary site.  Overall, 
the sporadic nature of TDZn benthic fluxes suggests that sediments are not a significant source 
of TDZn to waters of the CFE, similar to the conclusion of MacGillivray (2003). 
 
  Fluxes of TDZn at different estuaries are summarized in Table 9.  Large, impacted 
estuaries such as Galveston Bay and San Diego Bay show relatively large fluxes from the 
sediments from 2400 nmol m-2 d-1 and 1500 to 31000 nmol m-2 d-1 respectively.  The relatively 
small fluxes from CFE sediments probably reflect a low degree of contamination of the bottom 
sediments, as well as the well-flushed nature of the system. 
 
  Studies by Byers (1999) and van den Berg and Dharmvanij (1984) show estuarine 
sediment porewaters have relatively high concentrations of Zn-complexing ligands compared to 
overlying waters, suggesting that porewaters can be a source of Zn-complexing ligands.  Using 
porewater profiles, Byers (1999) estimated Zn ligand fluxes in the Elizabeth River estuary of 144 
to 1350 nmol m-2 d-1.  Even though porewater gradients should be predictive of diffusive fluxes,   
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Season Sampling Date Station 1 Station 2 

 
Fall November 29, 2000 2900 (p ≤ 0.02) 140 (p ≤ 0.01) 

 (n = 2) 0 570 (p ≤ 0.001) 
    
    
 October 29, 2001 0 0 
 (n = 3) 1900 (p ≤ 0.01) 0 
  2700  (p ≤ 0.001) 0 
    
    

Summer June 26, 2001 0 0 
 (n = 2) 0 0 
    
    
 June 28, 2002 0 2000 (p ≤ 0.02) 
 (n = 3) 0 0 
  0 0 
    
    

Spring April 23, 2001 0 0 
 (n = 2) -440 (p ≤ 0.02) 0 
    
    

Winter- March 7, 2002 0 0 
Spring (n = 3) 0 0 

  -1700 (p ≤ 0.01) 0 
 
 
Table 7.  Fluxes of Zn-complexing ligands (ΣLi,Zn) for individual cores at stas. 1 and 2 in the 
CFE.  Negative values indicate a flux into the sediment and positive values indicate a flux out of 
the sediment.  Statistically significant fluxes are shown as ‘0’.  n = number of cores per sampling 
site.  p = significance level. 
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Season Sampling Date Station 1 Station 2 
        

Fall November 29, 2000 0 1300 (p ≤ 0.02) 
  (n = 2) 1800 (p ≤ 0.02) 0 
        
        
  October 29, 2001 0 0 
  (n = 3) 0 0 
    0  -480 (p ≤ 0.05) 
        
        

Summer June 26, 2001  -1100 (p ≤ 0.02) 0 
  (n = 2) 0 0 
        
        
  June 28, 2002 460 (p ≤ 0.02) 0 
  (n = 3)  520 (p ≤ 0.001) 1000 (p ≤ 0.02) 
    0 200 (p ≤ 0.02) 
        
        

Spring April 23, 2001 0 0 
  (n = 2) 200 (p ≤ 0.05) 0 
        
        

Winter- March 7, 2002 0  -160 (p ≤ 0.001) 
Spring (n = 3) 0 1200 (p ≤ 0.02) 

    0 180 (p ≤ 0.001) 
        

 
Table 8.  Fluxes of TDZn in individual cores at stas. 1 and 2 in the CFE.  Negative values 
indicate a flux into the sediment and positive values indicate a flux out of the sediment.  
Statistically insignificant fluxes are represented as ‘0’.  n = number of cores.  p = significance 
level. 
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      Location TDZn  Zn-L  Reference 

Elizabeth River -57 to 898 144 to 1349 Byers, 1999 

Galveston Bay 2400  - Warnken et al., 2001 

San Diego Bay 1500 to 31000  - Anderson et al., 2001 

Cape Fear Estuary -56 to 300 -980 to 1200 MacGillivray, 2003 
  -1071 to 1826 -1692 to 2850 This study 
    

Table 9.  Fluxes of TDZn and Zn-complexing ligands in different estuarine systems.  Negative 
values indicate a flux into the sediment and positive values indicate a flux out of the sediment. 
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this approach does not account for processes occurring at the sediment water interface that may 
mediate exchange across the interface.  Other inconsistencies may be related to disturbance of 
the diffusive boundary layer during sampling or as a result of removing the sediments.   Thus, 
direct measurements of Zn ligand fluxes using the core incubation method may provide a more 
accurate estimate of benthic ligand fluxes than an indirect estimate using porewater profiles. 
 
 
4.6. Comparison of Zn and Cu Speciation and Fluxes 
   
  Benthic fluxes of total dissolved Cu and Cu-complexing ligands were determined 
by Shank (2004c) using the same core incubation technique at the same two stations used during 
this study.  Concurrent studies of Zn and Cu fluxes and speciation occurred during April 2001, 
June 2001, October 2001, and June 2002.  No correlations were observed between benthic fluxes 
for TDZn and TDCu or Zn- and Cu-complexing ligands.  Statistically significant TDCu fluxes 
occurred in 33% of the incubated cores and significant TDZn fluxes occurred in 35% of the 
cores.  Fluxes of Cu-ligands were observed in 50% of the incubated cores and Zn-ligand fluxes 
were observed in 20% of the incubated cores.  The majority of the cores showed neither a flux in 
nor out of the sediment.  However, when there was a significant flux of Zn-ligands  (sta. 1, 
October 2001) it did not coincide with a significant flux of Cu-ligands.  Likewise, during June 
2001 (sta. 2) and June 2002 (sta. 1), significant Cu-ligand fluxes occurred but Zn-ligand fluxes 
were not significant.  These observations are consistent with water column measurements 
showing that complexation of Zn and Cu are not connected.  The sediment-water exchange of Zn 
and Zn-complexing ligands appears to be decoupled from that of Cu and Cu-complexing ligands 
in the CFE, indicating that the ligands that complex the two metals are different or the conditions 
favoring complexation are dissimilar for the two metals.   
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4.7. Characterization of Zn-complexing ligands in the Cape Fear estuary 
 
  Samples containing Zn-complexing ligands typically had a titration curve (peak height 
vs. [Zn]) containing two distinguishable regions:  an initially suppressed response followed by a 
linear response (Fig. 11a).  The suppressed response was caused by complexation of added Zn by 
excess natural organic ligands.  When the excess ligands were completely titrated the current 
response became linear with respect to added Zn.  Titration curves were linearized by a plot of 
[Zn2+]/[Zn-L] vs. [Zn2+].  All Ruzic-van den Berg linearizations generally yielded straight lines 
characteristic of a one-ligand system (Fig. 12).  Scatchard plots of [Zn-L]/[Zn’] vs. [Zn-L] for 
each titration curve also gave a single straight line, indicating a single ligand class.  The 
conditional stability constants, K’Zn-ΣLi,Zn 

 of the Zn-ligand complexes ranged from 107.0 to 109.2, 
which is consistent with other studies where K’ ranged from 107.4 to 109.4 (van den Berg et al., 
1986, 1987; Muller and Kester, 1991; Gardner, 1999).  Occasionally the Ruzic-van den Berg plot 
was too scattered for linearization, usually when Zn-ligand concentrations were near the 
detection limit.  In order to obtain a Zn-ligand concentration in these cases, the linear portion of 
the titration curve was extrapolated back to the x-axis.  In order to verify the extrapolations were 
valid, samples were compared by both Ruzic-van den Berg linearization and extrapolation.  Both 
techniques gave similar Zn-ligand concentrations.  When the sample contained a very small 
concentration of ligands or ligands that were too weak to compete with PDC, then titration 
curves only gave a linear response to added zinc (Fig. 11b).  Zn-ligands were then reported as 
non-detectable.  This response can be seen in Station 2 samples during April 2001 and June 
2002.  These observations of such small ligand concentrations was somewhat surprising given 
the organic-rich nature of the CFE and of the previous observations by Shank (2004a) of the 
large excess of strong Cu-complexing ligands in the estuary.  However, these results are 
consistent with the assertion that Zn and Cu complexation are decoupled in the sense that 
different ligands must be responsible for controlling the speciation of each metal.   
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Figure 11.  Typical titration curves for Zn speciation in the (a) presence and (b) absence of Zn-
complexing ligands.  (a) October 2001, sta. 1, timepoint T5.  (b) June 2002, sta. 2, timepoint T5. 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
Figure 12.  Ruzic-van den Berg linearization indicating the presence of one class of Zn-
complexing ligands.  March 2002, sta. 2, timepoint T0. 

a 

b  
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4.8. Photochemical irradiation experiments:  Water column 
 

We carried out various photochemical experiments to examine the role of sunlight in 
altering and degrading strong Cu-complexing ligands in estuarine water and in influencing the 
production or destruction of DOC and ligands in estuarine waters containing resuspended 
sediments.  These latter experiments allow some evaluation of the effects that might be expected 
in estuarine and harbor environments when bottom sediments are dispersed and subjected to 
sunlit surface waters, as might occur during dredging and maintenance activities, shipping and 
berthing activities, and wind and wave events. 

 
4.8.1. Impact of Cu on CDOM photodegradation 
 
When 189 nM Cu(II) was added to 0.22 µm-filtered natural CFE water exposed to natural 

sunlight for 9.5 h, the amount of photobleaching or photochemical degradation of the colored 
dissolved organic matter (CDOM) was significantly less than an analogous CFE water with no 
added copper (Fig. 13).  We hypothesize that the photoprotection occurs because the added 
copper act as a sink for superoxide radicals which would otherwise be available for 
photobleaching of CDOM.  The more added copper the greater the degree of this photoprotection 
(Fig. 14).  This hypothesis was evaluated by addition of diethylenetriaminepentaacetic acid 
(DTPA), which forms metal complexes which are unreactive toward superoxide (Zafiriou, 1990; 
Voelker et al., 2000).  In the presence of DTPA, Cu affords no photoprotection of CDOM upon 
exposure to simulated sunlight because it no longer reacts with superoxide radicals  (Fig. 14).  
With no copper sink present, all superoxide radicals are therefore available to photodegrade 
CDOM resulting in more photobleaching.  Significantly more photodegradation occurs in the 
presence of DTPA relative to the no copper added sample because the ambient copper is also 
complexed in a form which does not scavenge superoxide radicals.  The degree of this 
photoprotection afforded by ambient copper can be calculated by extrapolating the line in Fig. 15 
to the y-intercept.  This indicates that 6% less photobleaching of CDOM occurs in the CFE 
because of ambient concentration of Cu (in the form of strong Cu complexes) in the estuary. 
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Figure 13.  Change in absorbance between light-treated and dark control samples as a function 
of wavelength for a 0.22 µm-filtered CFE sample collected October 2000 at 1.5 m depth.  
Salinity ≈ 19, [DOC] = 744 µM.  Significantly lower change in absorbance occurred in the Cu-
spiked sample, indicating Cu additions decreased photobleaching of CDOM in sample. 

 
 
 
 

 
 

 
 
 
 
 
 
 
 
 
 
 

Figure 14.  Increasing concentrations of Cu(II) added to CFE water increase the degree of 
protection again photobleaching following exposure to simulated sunlight.  A strong, non-
photoreactive ligand (DTPA) affforded no photoprotection. 
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Figure 15.  Linear regression of % photoprotection versus added Cu for data in Fig. 14.  This 
analysis suggests ambient Cu resulted in 6% less photobleaching than would have occurred in 
the complete absence of Cu. 
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4.8.2. Photochemical production of Cu(I) 
 
In a number of photolysis experiments, we have also examined the production of Cu(I), 

which is presumed to form as a result of a photochemically-induced ligand to metal charge 
transfer process involving complexed Cu(II): 

 
Cu(II)-L +  hν   Cu(I) + L*, 

 
where L* is oxidized ligand (Bruland et al., 1991).  The results of experiments in which 0.22 
µm-filtered CFE samples were exposed to simulated sunlight with subsequent formation of Cu(I) 
are shown in Fig. 16.  In the proposed photoreduction process, it is not yet known whether or not 
the Cu(I) produced remains complexed, because all currently used speciation methods, including 
the competitive ligand electrochemical techniques used by in our work, cannot distinguish 
between Cu(I) and Cu(II) organic complexes (Leal and van den Berg, 1998).  However, given 
observations in the CFE and many other systems (see section 2.2) of the large degree of organic 
complexation of TDCu , it seems likely that organic complexation of Cu(I) is very important 
also. 
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Figure 16.  Concentrations of strong Cu-complexing ligands and Cu(I) in CFE samples (0.2 µm-
filtered) showing a 25% loss in ligands (in two different CFE samples) and a threefold 
concurrent production of Cu(I) (in 6/28/01 sample) after photolysis in a solar simulator. 
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4.9. Photochemical degradation of strong Cu-complexing ligands 
 

Strong Cu-complexing ligands in the CFE have been found to be extremely 
photoreactive.  Shank (2003) conducted various degradation experiments using natural sunlight 
and simulated sunlight and noted significant degradation of strong Cu-complexing ligands 
(ΣLi.Cu)  in all cases. Two degradation experiments were conducted with 0.2 µm-filtered water 
(salinity ~20) exposed to simulated sunlight for 4 d (Fig. 17). One experiment was conducted 
under full spectrum light equivalent to the procedure in Shank (2003) whereas the second was 
conducted using photosynthetically active radiation (PAR) only.  In natural waters, much of the 
UV light, while being photochemically reactive, is attenuated within a few centimeters, and even 
less in darkly colored waters such as in the CFE.   However, PAR (400-800 nm) penetrates much 
more deeply.  For example, in the CFE, PAR penetrates from 1.3 m in the upper estuary to 2.4 m 
in the lower estuary (Mallin et al., 2002).   

 
The experiment using full spectrum showed a decrease of Cu ligand from 55 nM to 10 

nM in samples exposed to light throughout the 4 d period.  Dark controls also showed 
degradation but not to the extent of those exposed to light. Shank (2003) found ligand 
concentrations decreasing from 106 nM to 5 nM over the 4 days of his experiment.  Samples 
exposed to PAR also showed ligand degradation from 50 nM to 19 nM.  These results 
demonstrate that PAR alone is almost as effective as full spectrum light in degrading Cu-
complexing ligands.  This is particularly important in highly absorbing coastal waters where UV 
penetration is limited to very shallow depths. 
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Figure 17.  Photolytic degradation of strong Cu-complexing ligands in a CFE sample in solar 
simulator.  Results are shown for full spectrum sunlight, PAR, and the dark control.  Also shown 
are results from a previous experiment under full spectrum simulated sunlight described in Shank 
(2003). 
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4.10. Photochemical sediment resuspension experiments  
 
 The effect of sunlight on Cu exchange and speciation in resuspended estuarine sediments 
was examined in a M.S. thesis by Smith (2003).  Relevant results from the thesis are summarized 
below. 

 
A series of controlled photolysis experiments were conducted to examine possible uptake 

and release of dissolved Cu in filtered and unfiltered CFE water and in filtered CFE water with 
sediments. These experiments were conducted seasonally at sta. 1 (sandy mud) and sta. 2. 
(muddy sand).  There was no clear trend in increase or decrease of total dissolved Cu in either 
sta. 1 or sta. 2 in experiments involving 0.2 µm-filtered water with no added sediment (Table 10) 
and 0.2 µm-filtered water with 2 g/L wet sediment added (Table 11).  Most changes in both light 
exposed and dark flasks were relatively small and variable with respect to loss and gain of 
TDCu.  There also did not appear to be any seasonal variability in the data.  The small effect of 
solar irradiation in all treatments in CFE was observed even in sediments containing widely 
varying concentrations of leachable Cu (3-20 nmol Cu/g dry sediment) and organic carbon (0.4-
16.6%) (Table 11).  Slightly more consistent releases of dissolved Cu upon photolysis occurred 
in the set of experiments using unfiltered water (Table 12).  In 6 of 8 of these trials a small 
release of Cu was observed, suggesting that Cu associated with suspended material in the CFE is 
potentially more reactive.  This Cu is likely to be associated with organic matter (Davis, 1984; 
Herzl et al., 2003) and thus may be more easily released when a fraction of the organic matter is 
photolyzed.  Alternatively, the Cu may be associated with Fe-Mn oxyhydroxides which may be 
reduced upon photolysis, leading to the release of Cu. 

 
In addition to the relatively low-Cu containing sediments used in the photolysis 

experiments reported in Table 11, a second set of relatively more contaminated sediments from 
San Diego Bay (2300 nmol Cu/g dry sediment) were also photolyzed.  Filtered (0.2 µm) water 
samples with sediments (2 g wet sediment per 1 L) added were resuspended; three aliquots were 
exposed to light and three were left in the dark.  The light exposed sediment showed a very large 
increase in total Cu concentration relative to the dark control (Table 11).  Similar photolysis 
experiments employing filtered CFE water and sediments collected along the salinity gradient of 
the CFE were conducted to include a greater range of sediment types than those presented in 
Table 11.  In these experiments, the only significant release of Cu after photolysis occurred with 
sediments in the upstream estuarine station M61; the remaining stations gave small losses or 
gains similar to those discussed previously (Fig. 18).  Sediments at M61 contain a higher 
leachable Cu concentration (50 nmol/g dry sediment) relative to station 1 and station 2 sediments 
(Table 11).  Results of the photolysis experiments using the San Diego Bay and M61 sediments 
clearly indicate that photolytic release of Cu is only significant in sediments with relatively high 
Cu concentrations.  The San Diego Bay sediments are known to be highly contaminated with Cu  
(Flegal and Sanudo-Wilhelmy, 1993) and the M61 site is adjacent to the Port of Wilmington and 
therefore subject to impacts from shipping activities.  
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Total Dissolved Cu (nM) 
Filtered No Sediment 

 T0 D L ∆D ∆L 

Station 1 

March-02 N/A 
July-02 N/A 

November-02 12.5 11.1 11.6 -1± 2 -0.9± 0.6 
March-03 8.2 9.3 8.5 1± 0.9 0.3± 0.8 
June-03 10.1 8.9 9.5 -1± 1 -0.5± 0.08 

Station 2 

March-02 N/A 
July-02 N/A 

October-02 N/A 
April-03 27.2 13.7 11.4 -13± 3 -16± 0.6 
June-03 8.3 10.3 8.9 2± 0.04 0.6± 0.8 

 

Table 10.  Results of resuspension experiments in the absence and presence of simulated 
sunlight in samples from the CFE.  Triplicate water samples were 0.2 µm-filtered with no added 
sediments.  T0, D, and L indicate average TDCu concentrations initially, in the dark control, and 
after 9 h irradiation, respectively.  Change (D) in D and L are changes in dark and light 
concentrations, respectively, compared to T0 samples.  Not applicable (N/A) indicates results not 
obtained. 
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Table 11.  Results of resuspension experiments in the presence and absence of simulated 
sunlight in samples from the CFE and San Diego Bay.  Triplicate water samples were 0.2 µm-
filtered with added sediment (2 g wet sediment per L).  T0, D, and L indicate average TDCu 
concentrations initially, in dark controls, and after 9 h irradiation, respectively.  Change (D) in 
dark and light concentrations, respectively, are compared to T0 samples.  Also shown are 
leachable (1 M HCl) Cu concentrations and percent organic carbon in sediments.  Not applicable 
(N/A) refers to results not obtained. 

Total Dissolved Cu (nM/g dry sediment)  
Filtered + Sediment 

 T0 D L ∆D ∆L nmol 
Cu/g 

dry sed 

%OC 

Station 1 

March-02 6.7 6.4 7.0 -0.4± 1 0.5± 2 N/A 1.5 

July-02 7.7 8.5 8.6 1± 2 2± 4 N/A 3.5 

November-
02 

19 10.9 13.4 -20± 1 -13± 6 20± 2 5.7 

March-03 8.3 6.6 6.1 -6± 2 -1± 1 8± 0.4 4.9 

June-03 6.3 8.2 7.3 5± 4 1± 0.4 10± 4 6.9 

Station 2 

March-02 4.1 5.1 5.5 1±1 2± 0.4 N/A 2.6 

July-02 6.5 7.4 5.8 1±5 -1± 2 N/A 0.43 

October-02 5.0 5.2 11.6 0.4±.9 11± 4 3± 0.4 3.9 

April-03 10.0 6.9 9.3 -3± 4 -4± 3 7± 1 4.5 

June-03 9.0 7.8 10.6 -7± 4 2± 3 5± 0.1 16.6 

San Diego Bay 

April-03 20.8 31.8 46.6 22± 5 47± 6 2271± 
353 

5.2 
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Total Dissolved Cu (nM)  
Unfiltered No Sediment 

 T0 D L ∆D ∆L 

Station 1 

March-02 N/A 

July-02 7.4 6.5 8.1 -0.9± 0 0.7± 2 

November-
02 

0.92 1.5 2.5 1± 2 -0.5± 2 

March-03 12.6 7.9 9.9 -5± 1 -3± 1 

June-03 6.1 9.2 10.0 3±.02 4± 0.9 

Station 2 

March-02 N/A 

July-02 3.4 4.4 6.3 1.± 0 3± 1 

October-02 5.7 6.6 11.6 -0.4±. 1 3± 0.9 

April-03 10.8 10.5 12.0 -0.3± 0.7 1± 0.09 

June-03 8.7 10.3 10.1 2± 0.3 1± 0.3 

 
Table 12.  Results of resuspension experiments in the presence and absence of simulated 
sunlight in samples from the CFE.  Triplicate water samples were unfiltered with no added 
sediments.  T0, D, and L indicate average TDCu concentrations initially, in the dark controls, 
and after 9 h irradiation, respectively.  Change (D) in D and L are changes in dark and light 
concentrations, respectively, compared to T0 samples.  Not applicable (N/A) refers to results not 
obtained. 
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Figure 18.  Change (∆) from initial values to after 9 h of Cu (nM per g dry sediment) for 
triplicate light-exposed and dark controls of 0.2 µm-filtered CFE water with added sediment (2 g 
wet sediment/L) at stations along the salinity gradient in the CFE. 

M21        M32         M42         M54         M61 
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In the CFE transect, percent organic carbon was highly correlated to the amount of Cu in 
the sediments (Fig. 19).  This relationship is similar to that found by Turner et al. (2002), who 
also found acid-leachable Cu to be positively correlated to particulate organic carbon in 
sediments from the Mersey estuary, UK.  Previous studies have also found that the amount of Cu 
found in riverine, estuarine and coastal sediments is associated with organic material (Gerringa, 
1990; Shaw et al., 1990; Shulkin and Bogdanova, 2003).  Although the total Cu concentration at 
M61 increased significantly after photolysis of resuspended sediments (Fig. 18), other sediments 
with relatively low Cu concentrations showed little or no change upon exposure to light even 
though their percent organic carbon consistently increased toward M61.  Dark controls all 
decreased suggesting a net uptake of Cu by these sediments along this gradient.  Herzl et al. 
(2001) found similar results in the Tamar estuary in the United Kingdom for dark sediment 
resuspensions.  In that work, after five hours of resuspension, total dissolved Cu concentrations 
decreased by 50% due to adsorption of Cu onto particles (Herzl et al., 2001).  The present study 
found that after 9 h, total Cu concentrations decreased by an average of 41%.  The release at 
M61 should be viewed therefore as a minimum production value as some Cu may also have been 
taken up by the sediment.  In contrast, Shulkin and Bogdanova (2003) found that riverine 
sediments that contained elevated amounts of Cu and organic matter resulted in greater release of 
dissolved Cu in resuspension experiments.  
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Figure 19.  Percent organic carbon from triplicate dry sediment samples vs. Cu (nmol per g dry 
sediment) for sampling sites M23, M35, M42, M54, and M61, respectively, in the CFE in April 
2003. 
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4.11. Cu redox behavior 
 
 Copper (I) extractions were completed on samples collected for the three types of 

photochemical experiments to determine the effect of sediment resuspension and photolysis on 
Cu redox speciation. Samples that were 0.2 µm-filtered with no sediment added had large 
increases in Cu(I) concentrations in all cases when exposed to simulated sunlight (Fig. 20). Dark 
samples increased as well in most cases although to a lesser extent than irradiated samples. This 
suggests that Cu(I) is produced photochemically in CFE water:  

 
Cu-L (aq) + hν  Cu(I) + L*, 

 
where L is some strong Cu-complexing ligand and L* is oxidized ligand (Bruland et al., 1991).   
 

Earlier studies have suggested that Cu(I) can be reduced from Cu(II) photochemically or 
biologically (Moffett and Zika, 1988). Copper (II) may also be reduced in redox reactive 
complexes by photochemical means (Moffett and Zika, 1988). Microbially-mediated reduction 
of Cu(II) could explain the increase in dark samples. Various compounds such as thiols are also 
known to reduce Cu(II) to Cu(I) (Leal and van den Berg, 1998). Thiols have been detected in 
sediment porewaters (Shea and MacCrehan, 1998) and estuarine waters (Tang et al., 2000), and 
may explain how Cu(I) may be formed non-photochemically.                  

 

Unfiltered samples with no sediments were also irradiated in order to determine the 
impact of ambient particles on Cu(I) photoproduction.  Light exposed samples had an increase in 
Cu(I) compared to initial values (Fig. 21).  Dark samples also showed an increase but never as 
great as in the light. The magnitude of the increase in light exposed samples was always equal to 
or less than in filtered samples. In some cases (11/02) there was a significant decrease in Cu(I) 
compared to filtered samples. These results suggest that ambient particles either have no impact 
on Cu(I) production or cause a net uptake/oxidation of Cu(I). Kieber et al. (1992) performed a 
similar photolysis study on chromium, using filtered and unfiltered water exposed to dark and 
sunlight for one hour. In samples that were filtered, there was no apparent change in chromium 
concentration comparing before and after photolysis. In samples that were left unfiltered, 
chromium was reduced during photolysis indicating that particles play a role in chromium 
speciation during light exposure (Kieber et al., 1992). These results indicate that different 
transition metals are controlled by unique redox speciation, and there must be another component 
that effects Cu(I) concentrations in the CFE. 

   
Filtered water samples with 2 g wet sediment per L were also irradiated in order to 

evaluate the role of sediments in the redox speciation of Cu (Fig. 22). Samples with added 
sediments showed increases in light exposed samples. As was the case with unfiltered samples, 
increases in the light were equal to or smaller than in filtered water suggesting that sediments 
were not a significant source of Cu(I). In five of the seven dark samples there were significant 
decreases in Cu(I). This indicated that sediments, as was suggested for ambient particles, may be 
a net sink of Cu(I) in estuarine waters either through absorption or increased oxidation. 
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Figure 20.  Change (∆) in Cu(I) concentration (nM) for dark controls and irradiated samples 
after 9 h compared to initial values, for 0.2 µm-filtered CFE water in triplicate samples from two 
sites. 
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Figure 21.  Change (∆) in Cu(I) concentration (nM) for dark controls and irradiated samples 
after 9 h compared to initial values, for unfiltered CFE water in triplicate samples from two sites. 
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Figure 22.  Change (∆) in Cu(I) concentration (nM/g dry sediment) for dark controls and 
irradiated samples after 9 hours compared to initial values, for 0.2 µm-filtered CFE water 
triplicate samples with added sediments (2 g wet sediment per L) from two sites. 
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4.12. Collaborative studies with SERDP projects CP-1156 and CP-1158 
 
 Several collaborative studies were carried out between our research group (CP-1157) and 
research groups from SPAWAR-San Diego (CP-1156) and the University of Wisconsin at 
Madison (CP-1158).  These collaborations included an interlaboratory comparison study for total 
dissolved Cu and Zn and metal speciation involving all three groups; collaborative sampling and 
ultrafiltration studies of the Cape Fear estuary involving CP-1157 and CP-1158; and benthic flux 
studies in San Diego Bay involving CP-1156 and CP-1157.  Results from these collaborations 
are described below. 
 
 

4.12.1. Interlaboratory comparison of total dissolved metals and metal speciation 
 

In response to SERDP’s request, groups CP-1156, CP-1157, and CP-1158 participated in 
an intercalibration exercise using cleanly collected samples from San Diego Bay (collected and 
distributed by CP-1156) and the Cape Fear Estuary (collected and distributed by CP-1157). Our 
group collected a 50 L sample on 17 July 2000 in the lower Cape Fear estuary (salinity ∼23) 
from 1-1.5 m depth by peristaltic pump, using acid-washed FEP-lined PVC tubing (Nalgene), 
sequential in-line acid-washed 1.2 and 0.22 µm polypropylene capsule filters (MSI Calyx), and 
acid-washed C-Flex tubing (Cole-Parmer) connections through the pump head.  The bulk sample 
was collected in an acid-washed 50 L Nalgene polyethylene carboy that was covered with an 
opaque black plastic bag.  Tubing intake was attached to a PVC-encased weight lowered on 
nylon rope, deployed from a 2 m long PVC-encased boom upwind of our fiberglass boat.  This 
sample was stored in dark at 4° C.  The carboy was shaken before aliquoting samples to CP-1156 
and CP-1158 (in bottles they provided) in a clean room on 18 July 2000.  Similarly we received a 
0.22 µm-filtered sample collected from San Diego Bay by CP-1156 on 24 July 2000.   These 
samples were subsequently analyzed for concentrations of total dissolved Cu (TDCu) and Cu 
speciation using methods normally used by each research group.  A research group led by Dr. 
John R. Donat of Old Dominion University also participated in the intercomparison as a matter 
of professional interest; their results are tabulated with those of the SERDP groups in Tables 13 
and 14 below. 
  

The results for TDCu were statistically indistinguishable between groups, each of which 
used different analytical techniques (Table 13).  Results for Cu speciation (Table 14) were 
internally consistent, but were more difficult to interpret due to the fact that the different research 
groups used different analytical techniques to determine concentrations of Cu-complexing 
ligands and conditional stability constants of the CuLx complexes (where Lx is the ligand).  
Internal consistency was demonstrated by the fact that the ligand concentrations detected by the 
various methods decreased in a generally linear fashion as the competition level of the detection 
method increased (Fig. 23).  The competition level is described by the logarithm of the quantity 
α = [CuAL] / [Cu2+], where AL is the added ligand (e.g., 8-hydroxyquinoline, salicylaldoxime, 
etc.), CuAL is the Cu-added ligand complex, and Cu2+ is free hydrated cupric ion.  A highly 
competitive ligand such as 8-hydroxyquinoline pulls more Cu away from the natural Cu-ligand 
complexes in a sample, leaving a smaller fraction of very strong natural Cu-ligand complexes to 
be detected.  Conversely, a method such as anodic stripping voltammetry (ASV) gives a 
relatively low level of competition (i.e., a smaller log α); hence a larger concentration of natural 
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Cu-complexing ligands is detected (Bruland et al., 2000).  These trends are consistent with the 
view that natural Cu-complexing ligands form a continuum of strengths in natural waters.   It is 
important to note that determinations of free cupric ion activity, as measured by pCu (the 
negative log of the Cu2+ activity), gave very similar results (e.g., 12.7-14.3 for the Cape Fear) for 
the CSV techniques regardless of the competing ligand used (Table 14).  This is significant 
because it is the free cupric ion activity which is most important in evaluating potential toxicity 
and bioavailability in natural waters. 

 
The first intercalibration exercise did not address whether or not the different research 

groups can obtain the same results when using the exact same analytical techniques.  To address 
this shortcoming, an intercalibration exercise using San Diego Bay water was performed in 
January 2001 with the research groups using identical techniques.  Results from the second 
intercalibration show that results obtained for TDCu were statistically indistinguishable between 
groups.  Strong Cu-complexing ligand concentrations, determined using the CLE-CSV technique 
with 8-HQ as competing ligand ay the approximately same level of competition (log αCuAL = 4.8-
5), were also statistically similar among groups (Table 15). 
 
 Total dissolved Zn concentrations also agreed well in the second exercise (Table 16) 
although Zn speciation could not be compared because the other groups did not routinely 
perform such analyses in their projects. 
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Group San Diego [Cu] (nM)  Cape Fear [Cu] (nM) 

 SPAWAR (CP-1156) 30.2 ± 0.3 (n = 3) 9.9 ± 0.5 (n = 3) 
 UNCW (CP-1157) 24.3 ± 2.7 (n = 4) 8.1 ± 1.5 (n = 6) 
 UWM (CP-1158) 24.8 ± 1.4 (n = 2) 7.0 ± 0.5 (n = 3) 

ODU 32.0 ± 5.4 (n = 2) 10.2 ± 2.5 (n = 3) 
Result of Model II 

ANOVA (95% C.L.) 
No differences No differences 

.   
Table 13.  Results of first interlaboratory comparison for TDCu using a sample collected in July 
2000 from the CFE.  Uncertainties are ±1 standard deviation.  Abbreviations: n = number of 
analyses; UWM = University of Wisconsin at Madison (CP 1158); UNCW = University of North 
Carolina at Wilmington (CP 1157); SSC-SD  = SPAWAR Systems Center at San Diego (CP 
1156); ODU = Old Dominion University.  Methods used were graphite furnace atomic 
absorption spectrometry after preconcentration using APDC/DDDC (SPAWAR); cathodic 
stripping voltammetry using 8-hydroxyquinoline or tropolone (UNCW); inductively-coupled 
plasma mass spectrometry after online preconcentration using immobilized 8-hydroxyquinoline 
(UWM); cathodic stripping voltammetry using salicylaldoxime (ODU). 
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Group Method Cape Fear Estuary San Diego Bay 

  [L] 
nM 

pCu log K´ log α [L] nM pCu log K´ log α 

UWM CSV-8HQ 63 14.1 13.2 >6 15 12.3 11.8 >4 

UNCW CSV-8HQ 112 14.3 13.6 5.1 15 n.c. 13.5 4.8 

ODU CSV-SA 137 12.7 12.1 4.2 18 10.8 12.9 4.2 

          
SPAWAR Orion ISE 141 11.0 n.c. ∼3 81 11.1 n.c. ∼3 

UWM ASV 77 n.c. 9.5 2.4 

ODU ASV 

----Organic interferences---- 

77 n.c. 10.3 ∼2 

 
 
Table 14.  Results of first interlaboratory comparison for dissolved Cu speciation using samples 
collected in July 2000 from the Cape Fear estuary and San Diego Bay.  Uncertainties are ±1 
standard deviation.  These results were compiled by Dr. M. Shafer of the University of 
Wisconsin at Madison (CP-1158).  Abbreviations as in Table 13.  Method abbreviations:  CSV-
8HQ = cathodic stripping voltammetry using 8-hydroxyquinoline as the competing ligand; CSV-
SA = cathodic stripping voltammetry using salicylaldoxime as the competing ligand; Orion ISE 
= Ion selective electrode (Orion jalpaite – 94-29); ASV = anodic stripping voltammetry. 
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Figure 23.  Plot of detected Cu-complexing ligand concentrations versus log αCuAL.  The latter 
quantity expresses the competition level exerted in the speciation determination experiment, with 
a larger log αCuAL expressing the ability of the experiment to detect stronger classes of ligands. 
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Group Method [Ligand] nM TDCu 

(nM) 
log K´  log α 

UWM CSV-8HQ 5.5 ± 0.7 9.3 ± 0.4 13.3 ± 0.9 4.8 

UNCW CSV-8HQ 4.6 ± 0.4 
 

7.6 ± 0.9 
 

14.1 
 

5.0 
 

SPAWAR CSV-8HQ n.a. 9.7 ± 0.2 n.a. n.a 

  No diff. (t-test, 95% 
CL) 

No diff. (mod. II 
ANOVA, 95% CL) 

  

UWM ASV 62 ± 7  9.6  

 
Table 15. Results of second interlaboratory comparison for total dissolved Cu and Cu speciation 
using a sample collected in January 2001 from San Diego Bay (station 3).  Uncertainties are ±1 
standard deviation.  Abbreviations as in Tables 13 and 14.   

 
 
 
 
 
 
 
 
 
 

Group TDZn (nM) 
SPAWAR 199 ± 5 

UNCW 166 ± 19 
UWM 174 ± 5 

 
Table 16.  Results of second interlaboratory comparison for total dissolved Zn using a sample 
collected January 2001 in San Diego Bay (station 19).  Uncertainties are ±1 standard deviation.  
Methods used were graphite furnace atomic absorption spectrometry after preconcentration using 
APDC/DDDC (SPAWAR); cathodic stripping voltammetry using APDC (UNCW); inductively-
coupled plasma mass spectrometry after online preconcentration using immobilized 8-
hydroxyquinoline (UWM).  Institution abbreviations as in Tables 13-15. 
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4.12.2. Collaborative sampling and ultrafiltration studies of the Cape Fear estuary 
 
 In October 2000, Dr. Martin Shafer and members of his research group at the University 
of Wisconsin-Madison (CP-1158) sampled several stations in the Cape Fear Estuary and 
subsequently fractionated several of these samples using tangential flow ultrafiltration in our 
laboratory.  Splits of various ultrafiltration fractions were given to us for analysis of total 
dissolved Cu, Cu speciation, and DOC.  Analytical results from these experiments are shown in 
Tables 17 and 18. 
 

Two interesting points are evident from these data.  First, most of the DOC in the 
organic-rich Cape Fear Estuary is in size classes associated with “truly dissolved” or small 
colloids (i.e., ≤10 kDa).  These measurements are consistent with many previous observations in 
this estuary indicating that DOC is largely conservative during estuarine mixing; that is, it is not 
appreciably added or removed over the salinity gradient.  Larger colloidal material would be 
expected to coagulate in the low salinity zones of the estuary.   This is consistent with our 
hypothesis that most DOC in the estuary is relatively refractory material, decomposed to a large 
extent from higher molecular weight (larger colloidal or particulate) source materials.  Copper 
speciation measurements indicate that most of the strong Cu-complexing ligands in the estuary 
derive from this small colloidal size fraction.  This observation contrasts with previous work by 
Wells et al., 1998) in Narragansett Bay, Rhode Island, in which it was found that most Cu-
complexing ligands were found in the “truly dissolved” size fraction (<1 kDa) and less 
abundantly in the colloidal fraction (1-7 kDa).  However, differences of this nature are not 
unexpected, in that the Cape Fear estuary is much more organic-rich than the Narragansett and 
has very different physical and chemical characteristics.  
 
 A second ultrafiltration experiment was performed on Cape Fear estuary samples by Dr. 
M. Shafer’s group (CP-1158) in April 2002 and analyzed by our group for DOC, TDCu, and Cu 
speciation.  Results from these experiments are fully discussed in Shank (2003) and Shank et al. 
(2004a).  Significance of the results to understanding Cu speciation in the CFE have been 
summarized previously in this report (see section 4.2). 
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Dissolved organic carbon (µM) 

 0.4 µm 
filtered 

1 kDa 
permeate  

1 kDa 
retentate 

10 kDa 
permeate  

10 kDa 
retentate 

Upper 1616 431 1206 1262 ----- 
Middle 958 243 630 738 251 
Lower 334 123 221 295 59 

 
Size distribution of dissolved organic carbon  

 Mass 
Balance 

< 1 kDa 1 kDa - 10 kDa > 10 kDa  

Upper 100% 27% 51% 22% 
Middle 103% 25% 52% 26% 
Lower 106% 37% 51% 18% 

 
Table 17.  Results of dissolved organic carbon analyses in an ultrafiltration experiment at three 
sites in the Cape Fear estuary, October 2000.  Values for 10 kDa retentate were computed by 
subtracting concentrations in 10 kDa permeate from those in the 0.4 µm filtrate. 

 
 
 
 
 
 

Lower Estuary 
 

 0.4 µm filtrate 1 kDa  permeate 10 kDa permeate 10 kDa retentate 
TDCu  (nM) 2.82 ± 0.36 0.86 ± 0.17 2.65 ± 0.08 0.48 ± 0.04 

[L1] (nM) 71.7 ± 7.6 2.9 ± 0.5 71.0  ± 6.0 0.7 * 
 

Middle Estuary 
 0.4 µm filtrate 1 kDa  permeate 10 kDa permeate 10 kDa retentate 

TDCu (nM) 6.92 ± 0.30 1.40 ± 0.17 4.95 ± 0.37 1.96 ± 0.21 
[L1] (nM) 76.6 ± 0.4 6.3 ± 0.1 67.2 ± 8.3 9.4 * 

 
Table 18.  Results of analyses of total dissolved Cu (TDCu) and strong Cu-complexing ligands 
([L]) in an ultrafiltration experiment at two sites in the Cape Fear estuary, October 2000.  Values 
for 10 kDa retentate were computed by subtracting concentrations in 10 kDa permeate from 
those in the 0.4 µm filtrate. 
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4.12.3. Benthic flux studies in San Diego Bay 
 
 Collaborative sampling (involving CP-1156 and CP-1157) for benthic fluxes of TDCu 
and Cu-complexing ligands took place in March 2003 in San Diego Bay.  The site chosen was 
station 27 at the head of the bay; this site contains predominantly muddy sediments.  See 
Chadwick et al. (2004) for additional details about Cu behavior in San Diego Bay.  Cores were 
obtained by divers and a vessel supplied by SPAWAR and incubated in the SPAWAR 
laboratories using previously described methods for flux determinations.  Results from this study 
are shown in Table 19.     
 
 A statistically significant flux of strong Cu-complexing ligands (ΣLi,Cu) occurred in only 
one of the three cores studied; this flux was relatively small and directed into the sediment.  
Statistically significant fluxes of TDCu occurred in two of three cores.  These fluxes were of 
modest magnitude, with one flux directed into the sediment and one flux out of the sediment.  
 

An initial goal of this collaborative work was to perform an interlaboratory comparison 
of flux determinations using both the core incubation technique employed by our group (CP-
1157) and core incubations and benthic chambers employed by the SPAWAR group (CP-1156).  
The SPAWAR group collected TDCu and (ΣLi,Cu) data from three incubated cores and a benthic 
chamber.  Although benthic fluxes were not specifically calculated by the group, an examination 
of their data show very modest fluxes of TDCu into the sediment from the benthic chamber and 
one of three incubated cores, and modest fluxes out of the sediment from two of three incubated 
cores (I. Rivera-Duarte, 2004, pers. comm.).  These small values are comparable to those 
obtained by UNCW (CP-1157) and fall well within the range of TDCu fluxes previously 
determined in San Diego Bay (-1600 to 4700 nmol m-2 d-1; Chadwick et al., 1999). 

 
  Measurements of Cu complexation capacity (obtained by Cu titrations and detection 

using the Cu ion-selective electrode (Cu-ISE) suggest uptake of ligands by sediment in the core 
incubations (I. Rivera-Duarte, 2004, pers. comm..).  However, as is evident from the results of 
the Cu speciation interlaboratory comparison (see section 4.12.1), the Cu-ISE speciation method 
detects considerably broader classes of ligands, including much weaker ligands, than does the 
CLE-CSV method used by our group (CP-1157).  Therefore, the speciation results are not 
directly comparable, although the trend of ligand uptake by sediments at sta. 27 in San Diego 
Bay was found by both methods.  A more valid intercomparison for benthic flux methods must 
include a broader range of methods for determining speciation, with at least some individual 
methods having the same detection window (i.e., αMAL).  For example, a study of the type used 
by the SERDP collaborators (CP-1156, CP-1157, and CP-1158) and by Bruland et al. (2000) for 
comparing Cu speciation methods in estuarine water column samples, should be performed for a 
more valid comparison.  
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Core Ligand flux 
(nmol m-2 d-1) 

TDCu flux 
(nmol m-2 d-1) 

   
A 0 328 
B 0 0 
C -165 -153 

 
Table 19.  Benthic fluxes of strong Cu-complexing ligands (ΣLi.Cu) and TDCu from cores 
collected in March 2003 from station 27 located at the head of San Diego Bay.  Negative values 
indicate a flux into the sediment; positive values indicate a flux into the sediment.   
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4.13. Response to action item: 
 
Determine the impact on copper concentrations of light extinction with depth and diurnally 
and discuss how this will affect when free copper should be measured during a sampling day.  
Explain whether diurnal/sunlight effects will be included in the protocol for water body 
sampling/characterization and hence, modeling of same.  Explain the effects of dredging on 
the fate and transport of copper and zinc to the experimental design.  
 

4.13.1. Sunlight effects and implications 
 

 The role of photochemically-induced changed on Cu speciation and Cu-organic carbon-
particle interconversions is dependent on the intensity and efficiency of light energy regions of 
the light spectrum encompassing ultraviolet (UV; 200-400 nm) and photosynthetically available 
radiation (PAR; 400-700 nm).  These are in turn dependent on the optical properties of the water 
column (e.g., concentrations of particulate matter and colored dissolved organic matter) which 
control the penetration of UV and PAR.  In organic-rich, darkly colored waters such as those of 
the CFE, UV penetration is on the order of a few centimeters whereas PAR may penetrate 1-2.5 
m (R.F. Whitehead, unpublished data).  In the open ocean, UV penetration (310 nm) may extend 
to a few tens of meters in oligotrophic open ocean waters to a few meters in coastal or eutrophic 
waters (Whitehead et al., 2000), whereas PAR may extend to 100 m or more in clear open ocean 
waters.   
 
 Although we have shown that photochemical degradation of Cu-complexing ligands 
under simulated solar light can be an effective sink for ligands, this process acts over the long-
term and probably has little effect on ligand concentrations on short-term (e.g., diurnal) time 
scales in relatively organic-rich harbors and estuaries.  Our experimental results on the role of 
light in affecting Cu(I)-Cu(II) transformations, however, suggest that changes in redox speciation 
of Cu do occur on diurnal time scales in estuarine waters.  We have shown that simulated 
sunlight does cause some photoreduction of Cu(II) to Cu(I) (where both redox states exist as 
organically complexed forms).  Existing CLE-CSV techniques for Cu speciation can not 
distinguish between organically complexed Cu(I) and Cu(II) (Leal and van den Berg, 1998); 
therefore, determinations of Cu speciation in sunlit surface waters may potentially lead to 
somewhat ambiguous results for free Cu2+ calculations, since some of the Cu(II) may in fact be 
Cu(I).  Moffett and Zika (1988) have demonstrated that production of Cu(I) does occur during 
the day in the photic zone of open and coastal ocean waters.  More recently, Buerge-Weirich and 
Sulzberger (2004) found that significant concentrations of Cu(I) (5-80% of TDCu) were formed 
in Scheldt estuary samples after light irradiation. 
 
 Although the effects of possible Cu(I) production should be limited in most estuaries and 
harbors to the uppermost part of the water column (probably less than 1-3 m in most cases), it 
seems prudent to suggest that Cu speciation sampling should be carried out at some standard 
depth (e.g., 3-5 m) at which sunlight should be sufficiently attenuated, to circumvent any 
possible ambiguity in free Cu2+ determinations.      
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4.13.2. Dredging effects and experimental design 
 
 As stated in project objectives 3 and 4, an important goal of the project was to determine 
how disturbances such as dredging could potentially affect Cu and Zn speciation and cycling in 
estuaries and harbors.  These effects were primarily assessed by carrying out resuspension and 
photochemical experiments using authentic estuarine waters and sediments (see sections 4.8-
4.11).  In a secondary approach, we hoped to exploit the fact that the Cape Fear estuary was 
undergoing a straightening and dredging program approximately midway through the study 
period to examine how Cu and Zn speciation and cycling may be affected by these activities.  In 
practice, we could not specifically plan our research cruises around the dredging schedule and 
maintain our regular sampling program at the same time, because of the considerable costs of 
vessel operation and analytical personnel.  However, on the basis of our findings described in 
section 4, we can draw some conclusions on some potential impacts of dredging on metal 
speciation in section 5.7.        

 
 



 76

5. Conclusions 
 
 Based on the results of this research, we summarize the most important findings and offer 
specific recommendations regarding Cu and Zn speciation and cycling in harbor and estuarine 
environments. 
 
 
5.1. Interlaboratory comparisons of total dissolved Cu and Zn and Cu and Zn speciation 
 
 Results of the interlaboratory comparison studies performed by CP-1156, CP-1157, and 
CP-1158 are described in section 4.12.1.  Analyses for TDCu were statistically equivalent 
between groups, even in organic-rich samples such as those from the CFE.  Copper speciation 
results using anodic stripping voltammetry and cathodic stripping voltammetry also agreed very 
well in the sense that they were coherently related to the analytical conditions (specifically the 
detection window as defined by the side reaction coefficient, αMAL.  In general, as the analytical 
detection window increases (αMAL increases), the detected ligand concentrations generally 
become smaller.  This is usually interpreted to mean that stronger ligands (with larger values of 
αMAL) exist in smaller concentrations than do weaker ligands.  The results of these studies are in 
very good agreement with the previous Cu speciation intercomparison described by Bruland et 
al. (2000). 
 
 Results from the TDZn and Zn speciation intercomparison are not as comprehensive as 
those for TDCu, reflecting the fact that two groups, CP-1156 and CP-1158, did not perform 
comprehensive Zn analyses as part of their research plans.  In addition, there are far fewer 
speciation methods available for determining Zn speciation, in contrast to the various techniques 
used for Cu speciation.   
 
 
5.2. Total dissolved Cu and Zn in the Cape Fear estuary 
 
 The EPA criterion continuous concentrations (CCC) in freshwater and saltwater, 
respectively, are 140 nM and 49 nM for TDCu and 1800 nM and 1200 nM for TDZn (EPA, 
2002).  Concentrations of TDCu (∼3-25 nM) and TDZn (≤61 nM) determined in the CFE over 
the course of this work are well below the EPA CCC values for both freshwater and saltwater.  
The relatively low concentrations of TDCu and TDZn in the CFE probably reflect relatively 
small external inputs of these metals coupled with the rapid flushing rate (short residence time) 
of the estuary.  
 
5.3. Dissolved Cu speciation in the Cape Fear estuary and implications for other estuarine 
systems  
 
 As described in Shank et al. (2004a) and summarized in section 4.2, the large excess of 
very strong Cu-complexing ligands (ΣLi,Cu; 7 to >200 nM) relative to TDCu (∼3-25 nM) 
maintains very low concentrations of free Cu2+ (<10-13 M).  The CFE system can therefore be 
considered to be very well “buffered” with respect to free Cu2+ ion.  Experimental results from 
this study demonstrate that extracted humic substances account for virtually all the strong Cu-
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complexing capacity in the CFE.  Since humics are a relatively consistent fraction of the total 
DOC in the system, and DOC behaves conservatively in the CFE, we observed a strong 
correlation between ΣLi,Cu and DOC.  This empirical relationship can be used to predict 
concentrations of ΣLi,Cu based on measurements of DOC.  This is significant because the analysis 
of ligand concentrations is time-consuming and difficult, whereas DOC measurements are 
relatively simple.  If this relationship can be established in other estuarine systems containing 
varying levels of DOC, TDCu, and ΣLi,Cu , then DOC may become a useful proxy measurement 
for ΣLi,Cu.  Measurements of TDCu and DOC may therefore be used to relatively quickly 
estimate Cu speciation (including free Cu2+ concentrations) in estuarine or harbor systems. 
 
5.4. Dissolved Zn speciation in the Cape Fear estuary and implications for other estuarine 
systems 
 
  Concentrations of TDZn ranged from non-detectable (ND) to 61 nM in the upper CFE 
(sta. 1) and ND to 61 nM in the lower estuary (sta. 2).  Concentrations of ΣLi,Zn   ranged from 
non-detectable to 102 nM throughout the estuary whereas TDZn concentrations ranged from 
non-detectable to 61 nM.  In certain samples, ΣLi,Zn concentrations were less than TDZn, 
suggesting that TDZn can titrate out relatively strong ligands leaving the remaining Zn as either 
weakly complexed Zn or inorganic Zn.  In contrast to the large extent of organic complexation of 
TDCu (>99%), only 25-84% of the TDZn occurs as relatively strong organic complexes in the 
CFE.  This differing behavior is mainly a consequence of the much weaker nature (lower K’) of 
the Zn-ΣLi,Zn complexes, as well as the comparatively lower concentrations of Zn ligands relative 
to TDZn in the CFE. 
 
  In contrast to the findings for Cu, extracted humic substances from the CFE did not 
significantly complex TDZn, indicating that humics are not a significant source of relatively 
strong Zn-complexing ligands in the CFE.  Therefore, the ligands complexed to Zn and Cu are 
different and factors favoring strong Cu complexation in the CFE, and perhaps other estuarine 
and harbor systems, do not necessarily favor Zn complexation. 
 
 
5.5. Benthic fluxes of Cu and Zn and Cu- and Zn-complexing ligands in the Cape Fear 
estuary and implications for other estuarine systems 
 
 Benthic fluxes of TDCu and TDZn were generally small and sporadic in the CFE system 
and did not contribute significantly (<5%) to observed standing stocks of these metals in the 
estuarine water column.  This behavior presumedly reflects relatively low concentrations of these 
metals in the sediments and porewaters.  The relatively high flow rate of the system apparently 
keeps the sediment well-flushed, thereby precluding the accumulation of dissolved metals in the 
porewaters.   
  
 As discussed in detail in Shank et al. (2000c), benthic fluxes of strong Cu-complexing 
ligands were generally sporadic.  A relatively small number of measurements showed 
significantly large outward fluxes of ligands.  Since the effluxing ligands were not analytically 
distinguishable (K’Cu-ΣLi ≥ 1013) from those in the water column, it is possible that some of the 
ligands found in the CFE water column are derived from sediment porewaters.  However, given 
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the large ligand concentrations found in the CFE water column and the short residence time of 
the system, benthic fluxes did not contribute significantly (<5%) to observed standing stocks.  In 
estuarine systems possessing lower water column ligand concentrations and longer residence 
times (e.g., Chesapeake Bay), benthic fluxes of comparable magnitude could be a potentially 
significant source of strong Cu-complexing ligands.      
  
 Direct measurements of benthic fluxes of Zn-complexing ligands described in this study 
are the first ones reported.  Similarly to fluxes of Cu ligands, Zn ligands fluxes are sporadic and 
contribute <5% to the total standing stock of ligands in the CFE water column.  However, 
effluxing Zn ligands are analytically indistinguishable from those found in the water column; 
therefore, some of the water column ligands may be derived from sediment porewaters.   
   
 
5.6. The role of photochemical processes in affecting the speciation and cycling of Cu in the 
Cape Fear estuary and implications for other estuarine systems 
 

Experiments in which inorganic Cu2+ was added to natural CFE water and exposed to 
natural or simulated sunlight demonstrated that the magnitude of photobleaching or 
photochemical degradation of the colored dissolved organic matter (CDOM) was significantly 
reduced compared to experiments with no added Cu2+.  It is proposed that this photoprotection 
results from the formation of strong Cu complexes which act as a sink for superoxide radicals 
which would otherwise be available for photobleaching of  CDOM.  In the CFE, we calculate 
that up to 6% less photobleaching of CDOM occurs due to the ambient concentration of strongly 
complexed Cu.  Thus, in the CFE and other estuarine and harbor systems, strongly complexed 
Cu alters the degree of photobleaching in waters exposed to sunlight. 

 
Sunlight irradiation of natural CFE waters showed that 80-95% of the initial 

concentration of strong Cu-complexing ligands were photodegraded in full spectrum light and 
∼60% was degraded by photosynthetically available radiation (PAR) over the course of 4 days.  
The effectiveness of PAR in photodegrading ligands is significant because PAR can penetrate up 
to a few meters in even darkly colored estuarine waters.  The overall importance of ligand 
photodegradation in natural waters depends upon many factors, including light intensity, depth of 
light penetration, and the physics of mixing processes.  However, these observations suggest that 
photodegradation may be a significant sink for strong Cu-complexing ligands over the relatively 
long term.   

 
Sunlight irradiation of complexed Cu produces significant concentrations of dissolved 

Cu(I), presumably by a ligand-to-metal charge transfer process.  The Cu(I) produced is probably 
also strongly complexed also, although this can not be explicitly determined using current 
speciation methods.  Transformations of Cu(I) and Cu(II) should show a strong diurnal cycle in 
estuarine surface waters, similar to what has been observed by Moffett and Zika (1988) in 
oceanic surface waters.  Concentrations of dissolved Cu(I) in estuaries may therefore comprise a 
significant but variable fraction of total dissolved Cu, in agreement with recent findings by 
Buerge-Weirich and Sulzberger (2004) in the Scheldt estuary (Netherlands).  The monitoring of 
Cu(I) in sunlight irradiations of unfiltered CFE waters and resuspended bottom sediments 
demonstrated that ambient suspended particles and sediments either have no impact on Cu(I) 
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production or cause a net uptake/oxidation of Cu(I).  Thus resuspended sediments and ambient 
particles may be a net sink of Cu(I) in estuarine waters either through absorption or increased 
oxidation.   

 
Resuspended natural CFE bottom sediments exposed to simulated sunlight did not appear 

to release or take up significant concentrations of TDCu, although some variable release was 
found after irradiation of unfiltered CFE water containing natural suspended particles but no 
bottom sediments.  This suggests that the CFE suspended material, which probably contains 
more organic matter, may be more photoreactive than the bottom sediments.  Resuspended San 
Diego Bay sediments, which contained much more Cu (2300 nmol Cu/g dry sediment) than the 
CFE sediments (3-20 nmol Cu/g dry sediment) showed a very large increase in total Cu 
concentration after sunlight irradiation.  Similarly high release after photolysis was also observed 
in a relatively more contaminated CFE sediments adjacent to the Port of Wilmington (50 nmol/g 
dry sediment). Results of the photolysis experiments using the San Diego Bay and M61 
sediments clearly indicate that photolytic release of Cu is only significant in sediments with 
relatively high Cu concentrations (such as San Diego Bay).  In the CFE transect, percent organic 
carbon was highly correlated to the amount of Cu in the sediments.  The association of Cu with 
organic components of sediments has been observed in other estuarine systems (Gerringa, 1990; 
Shaw et al., 1990; Turner et al., 2002; Shulkin and Bogdanova, 2003). 
 
 
5.7. The effects of dredging on Cu and Zn cycling in the Cape Fear estuary 

 
Only limited conclusions can be drawn regarding the specific effects of the large scale 

dredging and straightening project on Cu and Zn cycling in the Cape Fear estuary, since the 
design of the study did not permit the type of fine-scale sampling that is probably necessary to 
adequately assess dredging effects.  The US Army Corps of Engineers (USACE) is currently 
sponsoring a multidisciplinary long-term monitoring project at UNCW to assess the effects of 
the dredging project on the Cape Fear ecosystem, although trace metal behavior is not explicitly 
being examined.  Initial results from that work show, as expected, increased penetration of salt 
water in the upper portion of the system due to increased tidal volume (Hackney et al., 2003).          
 

Our sediment results show that there are relatively low levels of total dissolved Cu and 
Zn in the CFE, and fluxes of these metals and their binding ligands do not significantly affect 
their standing stocks in the estuary.  One of the major reasons for these observations is that the 
estuary is well-flushed, resulting in relatively short residence times (≤ 1 week) of the water.  
Since the dredging project is increasing the tidal volume of the system, this would serve to 
increase the flushing capability of the estuary, therefore leading to negligible effects upon Cu 
and Zn concentrations and speciation. 

 
We found that resuspended sediments that are relatively high in Cu release metal when 

exposed to sunlight-exposed surface waters (see sections 4.10 and 5.6).  However, we detected 
moderately elevated concentrations of sedimentary Cu only at sta. M61 adjacent to the Port of 
Wilmington; downstream sediments showed unremarkable concentrations of Cu.  Therefore, for 
the bulk of the mainstem estuary, it is unlikely that resuspension of sediments will generate Cu 
contamination.  We cannot specifically assess the effects of resuspension from dredging of 
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sediments upstream of M61; however, given the rapid flushing rate of the system, we would 
surmise that no significant long-term effects should be expected.  We cannot assess potential Zn 
release from the sediments as that was not studied.  
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Appendix A:  Supporting Data 
 

 
Supporting data have been included in the main body of this report. 
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